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ABSTRACT
Sustainable treatment of chlorinated ethanes and ethenes contaminated groundwater
using vertical flow engineered wetland systems were investigated in microcosm and
column studies. Experiments on environmental and biogeochemical factors that affect
system performance were conducted, and a numerical model involving advection,
sorption, and sequential biodegradation was developed to describe the fate and transport
of the contaminants of concern in the treatment wetland bed. 1,1-dichloroethane (1,1DCA) and cis-1,2-dichloroethene (cis-1,2-DCE) were used as the chemicals of interest.
The presence of cis-1,2-DCE inhibited dechlorination of 1,1-DCA but cis-1,2-DCE
dechlorination was not affected by the presence of 1,1-DCA. Simulation runs showed that
the treatment bed sizing was controlled by the 1,1-DCA dechlorination kinetics.
Bioaugmentation and biostimulation amendments lead to higher dechlorination rates of
both cis-1,2-DCE and 1,1-DCA. Studies conducted with different amounts of peat and
sand mixtures to investigate long term effects of organic carbon depletion in engineered
wetland systems showed complete biodegradation of 1,1-DCA in all soil mixtures with
no significant difference in the rate constants. However, simulation runs showed larger
bed size requirement for the lowest amount of peat soil used (5% peat) compared to the
other peat soils (25%, 50%, and 100%), and no significant difference in the treatment bed
size between the 25%, 50%, and 100% peat soils. Complete biodegradation of cis-1,2DCE and 1,1-DCA was observed in treatment systems incubated at 10oC, 15oC, and
25oC. However, reduced temperatures resulted in lower dechlorination rates. Maintaining
the soil and groundwater pH of an engineered wetland system to near neutral pH by
applying alkaline solution was observed to be necessary for biodegradation to occur. The
v

potential for plant assisted remediation of 1,1-DCA through the root system of Scirpus
americanus indicated limited plant uptake and system enhancement. Microbial analysis
of the treatment media using quantitative polymerase chain reaction (qPCR) technique,
confirmed the presence of Dehalobacter sp. and Dehalococcoides sp. as well as the
functional genes bvcA and tcrA reductase known to mediate the biodegradation of
chlorinated ethanes and ethenes to non-toxic end products.
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CHAPTER 1: INTRODUCTION AND LITERATURE REVIEW
1.1 General Introduction
Chlorinated ethenes and ethanes have been widely used in industry as solvents and
degreasers. However, inappropriate disposal and accidental spillage of these compounds
have frequently resulted in contamination of groundwater (Field and Sierra-Alvarez,
2004; Soga et al., 2004; Majone et al., 2007; Loffler et al., 2011). These compounds are
often released in large quantities and are present in the subsurface as dense non-aqueous
phase liquids (DNAPL). Treatment of the contaminated groundwater and remediation of
the polluted sites are important because many chlorinated volatile organic compounds
(cVOCs) are toxic and even carcinogenic, leading to the setting of very stringent
maximum allowable concentration levels in groundwater (EPA, 1994; Kielhorn et al.,
2000; Aulenta et al., 2006). The cleanup of these contaminants from sites can be difficult
due to fate and transport processes such as advection, dispersion, diffusion, sorption,
biodegradation, and volatilization that result in their persistence in the environment.
Conventional treatment techniques involve pump and treat systems that can be designed
to prevent the contaminant from spreading and to remove some limited contaminant
mass. However, they are not efficient when dealing with low pollutant concentrations,
especially at contaminated sites with complex hydrogeology, large plumes, and the
presence of DNAPL which increases the time required to achieve cleanup goals. In
addition, the cost associated with operating and maintaining the traditional pump and
treat systems are quite large. The desire to reduce cost and improve treatment efficiency
has led scientists and engineers to seek alternative site remediation techniques
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(Bleckmann and Beeman, 2002; Hendrickson et al., 2002; Kassenga et al., 2003; Amon
et al., 2007; Imfeld et al., 2009).
Monitored Natural Attenuation (MNA) has emerged as a promising and cost
effective technique for the treatment of cVOCs contaminated sites. This refers to the use
of natural processes to achieve site-specific cleanup objectives within a reasonable time
frame and includes biodegradation, phytoremediation sorption, biological stabilization
and biostimulation using electron donors, (EPA, 1999). Bioremediation has become an
attractive alternative since the discovery of bacterial populations that use chlorinated
ethenes and chlorinated ethanes either as electron donors or as electron acceptors, thus
efficiently detoxifying these compounds (Loffler et al., 2003; Azizian et al., 2010).
Laboratory and field studies have shown that these microorganisms exist in nature and
can be found at contaminated sites (Scow and Hicks, 2005; Tas et al., 2010; Matturro et
al., 2012).
Some of these bacterial populations have been identified in natural wetland
environments where groundwater plumes containing chlorinated ethenes and ethanes as
well as pesticides are discharging (Lorah and Olsen, 1999; Kidmose et al., 2010).
Because the highly organic soils present in wetlands create conditions for substantial
supply of hydrogen (H2), the electron donor used by many chlorinated organic degrading
populations, very rapid and complete degradation has been observed in these systems.
Following the report of Lorah and Olsen (1999), several studies have documented the
successes of using engineered wetland systems (EWS) constructed near contaminated
sites to treat the groundwater (Kassenga et al., 2003; Amon et al., 2007; Mbuligwe, 2008;
Imfeld et al., 2009; Kadlec et al., 2012).
2

In spite of the progress made in advancing EWS as a viable treatment technique for
cVOCs, there are operational and long term performance characteristics that have not
been well documented. For example, the effect of organic carbon depletion in the bed on
biodegradation rate constants as the system is operated over decades has not been
reported. The co-treatment of chlorinated ethene and ethane in a EWS and how it affects
the treatment bed size is presented. Soil and groundwater temperature and pH
requirements for effective biodegradation of cVOCs are addressed. The potential for
plant assisted remediation of cVOCs in EWS is also highlighted.
Treatment studies were conducted using commercially available peat to investigate
the effect of potential organic carbon depletion in EWS on dechlorination kinetics of
cVOCs and system hydrodynamics due to possible excessive methane production. Soil
media from a pilot-scale study at a Superfund site in Massachusetts (case study) were
used to investigate co-treatment of cVOCs, temperature and pH requirements as well as
the potential for plant uptake of cVOCs in EWS. The results of this research will provide
useful information in designing a treatment system that is efficient, cost effective, and
advance the state-of-the-art for EWS treating chlorinated solvents.
1.2 Literature Review
1.2.1 Microbial transformation of chlorinated ethanes and ethenes
Microorganisms obtain carbon and energy from a wide variety of electron donors
and acceptors under different redox conditions. These differences, as well as the
reactivity of enzymes and coenzymes associated with different microorganisms, can
affect the potential and pathways for transformation of chlorinated VOCs (Vogel et al.,
1987, Janssen et al., 1994, Fetzner, 1998; van Pee and Unversucht, 2003). This wide
3

range of redox conditions and microbial populations in organic-rich wetlands sediments
could enhance biodegradation of chlorinated solvents (Tiedje, 1993; Lorah et al., 1997).
More studies have been done on chloroethene dechlorination than on the treatment of
chloroethanes due in part to the more widespread use of chloroethenes in industry and
consequently, a higher occurrence in contaminated sites (Field and Sierra-Alvarez, 2004;
Scheutz et al., 2011). A significant discovery was the isolation of Dehalococcoides
ethenogenes strain 195 by Maymo-Gatell et al. (1997) that fully dechlorinates chlorinated
ethenes (PCE, TCE, cis-1,2-DCE, 1,1-DCE, and VC) from an anaerobic dechlorinating
culture inoculated with municipal sewage sludge. This organism was observed to meet its
energy needs by dehalorespiration in which chloroethenes are used as electron acceptors
and hydrogen as an electron donor. Other Dehalococcoides strains have been found to be
associated with mixed cultures that anaerobically dechlorinate higher chloroethenes to
cis-1,2-DCE and are widely distributed in the environment (Hendrickson et al., 2002).
Grostern and Edwards (2006) observed the growth of Dehalococcoides sp. during
anaerobic dechlorination of 1,2-DCA to ethene but not during 1,1,2-TCA
dichloroelimination, thus, highlighting its limited role in chloroethane dechlorination.
Another genus of bacteria known as Dehalobacter have been reported to anaerobically
biodegrade chloroethanes such as 1,1,1-TCA, 1,1,2-TCA, 1,2-DCA and 1,1-DCA
through a respiratory process (Grostern et al., 2009). However, one of the consequences
of having multiple dechlorinating organisms in a biological treatment system is the
competition for substrates that may lead to inhibition (Duhamel et al., 2002; Grostern et
al., 2009). Scheutz et al. (2011) reported that CA was commonly observed as the terminal
product of 1,1,1-TCA and 1,1-DCA dechlorination in the subsurface. Hence, one
4

objective of this project is to investigate complete dechlorination of 1,1-DCA to ethane or
ethene.
Majone et al. (2007) conducted microcosms and source-zone field studies of
anaerobic bioremediation of 1,1,2,2-TeCA using lactate solution as an enhancement. The
injection of lactate was reported to decrease lag time and increase dechlorination rate
with 1,1,2-TCA and cis-1,2-DCE reported as the predominant products. Lookman et al.
(2005) reported that carbon source amendment increased 1,1,1-TCA anaerobic
degradation in both field and laboratory experiments. Other environmental factors
affecting bioremediation include temperature, pH, and redox state.
Anaerobic degradation of chlorinated solvents is the main process being advocated
for by bioremediation specialists because most contaminated groundwater and sediments
sites are anoxic. However, chlorinated VOCs can undergo cometabolic oxidation by
aerobic microorganisms that have oxygenases with broad specificity (Lorah et al., 2001).
Yagi et al. (1999) isolated a 1,1,1-TCA and TCE aerobic degrading bacteria known as
Mycobacterium sp. that utilizes ethane as a substrate. This group of bacteria has also been
found to cometabolically degrade related compounds including 1,1-DCA, 1,2-DCA,
1,1,2,2-TeCA, and cis-1,2-DCE (Yagi et al., 2000). Aerobic degradation completely
mineralizes the chlorinated compounds to carbon dioxide and chloride making
cometabolism an attractive alternative where it can be sustained (Conrad et al., 2010).
1.2.2 Bioremediation of chlorinated solvents using EWS
Organic compounds generally represent reduced forms of carbon resulting in
oxidation reactions being energetically favorable. However, chlorinated (halogenated)
aliphatic compounds are relatively oxidized by the presence of chlorine making them
5

more susceptible to reduction (Vogel et al., 1987). Wetland sediments are typically
anaerobic because of limited oxygen diffusion through the waterlogged soils and the
abundance of organic matter for microbial respiration (Mitsch and Gosselink, 2007).
Natural and engineered wetlands have been shown to treat chlorinated VOCs
contaminated sites in studies conducted by Lorah et al. (1997) and Kassenga (2003). The
treatment wetland concept involves reductive dechlorination by halorespiring organisms
or biodegradation through methanotrophic processes to harmless end-products.
Lorah et al. (1999) published field and laboratory studies on the successful
anaerobic degradation of 1,1,2,2-TeCA in a non-engineered, natural, freshwater wetland
that received groundwater discharge from a contaminated site. Imfeld et al. (2008)
investigated the biodegradation of cis-1,2-DCE and trans-1,2-DCE in a constructed
wetland using hydro-geochemical and compound-specific isotope analyses (CSIA). The
study found evidence of both anaerobic and aerobic pathways in biotransformation of
chloroethenes in wetland systems. EWS application to chlorinated VOCs treatment is a
relatively new concept that emphasizes the importance of sustainability (lower material
and energy inputs) without compromising efficiency. Kassenga et al. (2003) and
Mbuligwe (2008) highlighted the importance of assessing the geotechnical properties of
the substrate and understanding the contaminant fate and transport to insure adequate
residence time for the compound’s complete degradation. Mbuligwe (2008) conducted
studies that showed high initial contaminant concentrations, hydraulic and pollutant
loading rates, and salinity have adverse effects on the treatability of cVOCs in EWS.
Under normal operating conditions, wetland plant species such as Typha latifolia and
Phragmites communis did not differ in their ability to support biodegradation of
6

chlorinated solvents although Typha latifolia performed better when the system was
exposed to relatively high concentrations of cVOCs and other environmental stress
factors (Mbuligwe, 2008).
1.2.3 Treatment optimization of chlorinated VOCs in EWS
Treatment of cVOCs in treatment wetlands has progressed from laboratory to full
scale applications and is based on the ability to sustain large populations of
dechlorinating bacterial populations in highly organic peat soils. Microorganisms such as
Dehalococcoides ethenogenes capable of complete dechlorination of chlorinated VOCs
may not be present in all contaminated sites resulting in the need for bioaugmentation in
which a dechlorinating enrichment culture is introduced to initiate degradation (Major et
al., 2002). In some cases, it may be necessary to supply additional electron or carbon
donors through a process known as biostimulation that basically entails the provision of
nutrients and electron donors to an already existing microbial population. In a study
reported by Major et al. (2002), PCE underwent anaerobic degradation after
biostimulation with methanol and acetate but failed to stimulate dechlorination beyond
cis-1,2-DCE. Complete dechlorination to ethene was observed after bioaugmentation
with microbial culture containing Dehalococcoides ethenogenes. Several other studies
have highlighted the combined effectiveness of bioaugmentation and biostimulation in
enhancing bioremediation of chlorinated ethenes and ethanes contaminated sites
(Adriaens et al., 2003; Lookman et al., 2005; Edwards et al., 2006; Majone et al., 2007;
Scheutz et al., 2010; Conrad et al., 2010).
Important environmental factors such as pH and temperature play a crucial role in
determining the degree and timeliness of biodegradation in treatment wetlands. Reductive
7

dechlorination is mediated by anaerobic bacteria which prefer either neutral or slightly
alkaline environments (Pavlostathis and Zhuang, 2007). Bowman et al. (2006) conducted
microbial analysis that showed the presence of bacterial population essential for
bioremediation in mildly acidic (pH=5.1) groundwater contaminated by chlorinated
solvents at a Superfund Site in Baton Rouge, Louisiana. Construction of EWS usually
involves using fresh peat which can result in a relatively low initial pH of the bed (pH <
5). This can be corrected by flushing with water containing some alkalinity for a few
months. However, reductive dechlorination can increase the acidity of a treatment system
resulting in the need for continuous monitoring of pH. It is essential therefore, to monitor
pH trend in a fully operational EWS.
Sun et al. (2002) reported optimum dechlorination temperature of 25oC in
microcosm studies that successfully isolated an anaerobic bacteria for 1,1,1-TCA
dechlorination. Pavlostathis and Zhuang (1995) reported an effective temperature range
of 15oC to 35oC in the reductive dechlorination of PCE and its transformation products
when amended with acetate. Treatment of contaminated sites in higher latitudes such as
the ReSolve Superfund Site, need temperature adjustment because during the relatively
long winter months, temperature can drop to below the freezing point of water. This
reduced temperature is too low to maintain microbial population needed for reductive
dechlorination.
1.2.4 Hydrological and hydrodynamic characteristics of EWS
Hydrology is the controlling mechanism in wetland function and form. The
important hydrological characteristics include evapotranspiration, net precipitation, and
water level or stage while the hydrodynamic characteristics relate to the velocity and
8

depth of flow. A critical hydrodynamic issue in treatment wetlands is the formation of
methane during normal anaerobic metabolism in the bed. When methane concentration in
the soil exceeds a certain threshold such that the partial pressure of dissolved gases within
the reduced sediments exceeds the sediment hydrostatic pressure, bubbles are formed
which can impede flow in the wetland (Chanton and Whiting, 1995; Walter and
Heinman, 2000; Whalen, 2005; Altor and Mitsch, 2008). Because methane bubbles can
impede flow, selecting operating characteristics (soil organic matter content, pH, and
temperature) that minimize methane formation is critical to insuring that applied
groundwater continues to flow through the bed. Additional geotechnical aspects for
hydraulics include media grain size, density, and porosity (Mbuligwe, 2008). Detailed
examination of the hydraulic properties of EWS is necessary to avoid fluidization that
can lead to system failure. Tracer tests involving the use of salts (e.g. KBr, KI) and dyes
(e.g. Rhodamine WT) to investigate the hydraulics and solute transport characteristics of
engineered wetland systems are widely reported in literature (Goebes and Younger, 2004;
Schmid et al., 2004; Xu et al., 2004; Ronkanen and Klove, 2008).
1.3 Background of the ReSolve Inc. Superfund Site
The ReSolve Site located in North Dartmouth, MA, was used as a chemical
reclamation facility from 1956 to 1980. The facility handled a number of hazardous
materials, including solvents, waste oils, organic liquids and solids, acids, alkalis,
inorganic liquids and solids, and polychlorinated biphenyls (PCBs). Residues from a
distillation tower, liquid sludge waste, impure solvents, and burned tires were disposed of
in four on-site unlined lagoons. Oil wastes from the distillation tower were spread, or
land-farmed, in one portion of the Site and were also used to control dust throughout the
9

Site. Cooling water from the distillation tower was discharged to a shallow on-site lagoon
(Figure 1.1). The Site is located over an aquifer that serves as a drinking water source for
private residential wells. Since the ReSolve facility ceased operation, the 6.5 acre site has
undergone multiple remediation attempts to remove the chemical pollutants. In
September of 1987, groundwater monitoring systems and a pump and treat facility were
established to treat and contain aquifer contamination. The deficiency of this system
became apparent when dense non-aqueous phase liquids (DNAPL) were discovered in
the waste management area. DNAPL travels through the subsurface by gravity and
capillary effects created by multiphase fluid flow in the geologic media. In bedrock
aquifers, DNAPL flow can be quite complex due to structural porosity such as fracture
openings and solutions channels. Limitations to drilling and sampling methods hinder the
ability to delineate the extent of DNAPL contamination in the bedrock and create
massive barriers to cleanup resulting in the need for permanent site remediation (EPA,
1994; ITRC, 2003).
The groundwater pumping system was upgraded to a two tier extraction system
which removed 48 gallons of groundwater per minute from eight extraction wells. Four
of these wells were used to contain the VOC plume while the remaining four wells were
used to target the most heavily contaminated groundwater. After groundwater extraction,
treatment involved passing the groundwater through a variety of physical and chemical
unit operations. The treated water was then discharged into the adjacent Copicut River.
However, significant concentrations of oils and organic solvents still remain in the waste
management area decades after initiation of remediation projects.
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work will involve microcosms (batch) and mesocosms (column) studies. Predictor models
that size and assess the performance of EWS will be developed using the collected data.
The specific objectives are listed below:
a.) Evaluation of soil organic carbon depletion effect on 1,1-DCA dechlorination in
engineered wetland systems.
b.) Assessment of enhanced microbial treatment of cis-1,2-DCE and 1,1-DCA in
engineered wetland systems.
c.) Evaluation of soil and groundwater temperature impact on cis-1,2-DCE and 1,1DCA biodegradation.
d.) Identification of pH requirement for biodegradation of cis-1,2-DCE and 1,1-DCA in
engineered wetland systems.
e.) Evaluation of cis-1,2-DCE and 1,1-DCA co-treatment in wetland soils.
f.)

Quantification of potential plant uptake of 1,1-DCA in engineered wetland systems.
A journal format was adopted for this dissertation with each chapter representing

an independent project. Chapter 1 provides a review of recent literature on treatment
wetland approach to bioremediation of chlorinated ethenes and ethanes as well as some
background information on the ReSolve Inc. Superfund Site on which the justification of
this research is based on.
In Chapter 2, anaerobic microcosms experiments were conducted with different soil
organic carbon and sand mixtures to treat 1,1-DCA. A numerical modeling technique was
used to evaluate the effect of potential soil organic carbon depletion on 1,1-DCA removal
in a treatment wetland bed. Methane production rates were also compared.
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Chapter 3 presents microbial enhancements studies involving biostimulation and
bioaugmentation of cis-1,2-DCE and 1,1-DCA in a treatment wetland media.
Identification and quantification of the microbial population responsible for the
biodegradation of the chlorinated solvents are reported.
Chapter 4 describes the impact of soil and groundwater temperature on the
reductive dechlorination of cis-1,2-DCE and 1,1-DCA in engineered wetland system
being designed at locations similar to the ReSolve Inc. Superfund Site. Chapter 5 presents
findings on pH adjustments necessary for the biodegradation of cis-1,2-DCE and 1,1DCA in engineered wetland beds constructed using sphagnum peat.
Chapter 6 describes inhibition studies involving competition between cis-1,2-DCE
and 1,1-DCA biodegradation processes. Chapter 7 discusses the application of
phytoremediation to soil and groundwater contaminant treatment. Quantification of
potential plant uptake of 1,1-DCA in a treatment wetland media by Scirpus americanus
was determined.
In Chapter 8, a brief summary of the results and observations from all the
experimental studies in this dissertation are presented. Suggested recommendations for
future work are also highlighted for optimum treatment system design and operation.
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CHAPTER 2: ASSESSMENT OF CARBON DEPLETION IN ENGINEERED
WETLAND SYSTEMS TREATING 1,1-DICHLOROETHANE
2.1 Introduction
Vertical flow engineered wetland systems have been piloted and constructed as
recent engineering solutions to treat groundwater contaminated with volatile organic
compounds (Kassenga et al., 2003; Amon et al., 2007; De Biase et al., 2012). These
passive treatment systems have many advantages over traditional mechanical solutions to
these waste streams including reduced operations and maintenance costs, energy
consumption and greenhouse gas emissions. Design criteria have been proposed based on
reactive transport modeling of system processes (Pardue et al., 2000; De Biase et al.,
2012). System performance of vertical flow wetland system results from the interplay of
biodegradation and sorption in the treatment bed. Biodegradation processes include
reductive dechlorination by halorespiring organisms and biodegradation through
methanotrophic processes to harmless end products. Sorption processes include reversible
and irreversible partitioning reactions onto the highly organic soil used to construct the
bed (Kassenga et al., 2003; Imfeld et al., 2008; Mbuligwe, 2008). Ultimately, vertical
flow wetland performance is due to enhanced residence time in the bed due to sorption
reactions which allow halorespiring and methanotrophic bacteria to complete degradation
reaction in small volumes of media.
The selection of materials for wetland bed construction is based on the need to
simultaneously provide sorption potential, proper conditions for the desired microbial
populations and to allow sufficient hydraulic conductivity to pass the designed flowrate
through the bed (Kassenga et al., 2003). This is best accomplished by mixtures of highly
14

organic peat or compost and sand. Fermentation of the organic matter produces volatile
fatty acids such as formate as well as hydrogen which may serve as electron donors
during reductive dechlorination reactions (Conrad 1999). Sorption of the contaminants
onto the organic fraction of the soil retards the movement within the bed resulting in
longer detention times (Lorah et al., 1997; Kassenga et al., 2003). However, the
formation of methane during normal anaerobic metabolism in the wetland bed can lead to
hydrodynamic problems due to the danger of exceeding methane solubility limits and
subsequently forming bubbles in the bed. This limits passage of water through the system
(Albuquerque and Bandeiras, 2007). Therefore, it is important to design a treatment
system that balances the need for adequate soil organic matter with the potential
implication of excessive methane production. One of the long term concerns regarding
the viability of a treatment wetland system is the potential for degradable organic carbon
in the bed to be consumed over time. A finite amount of carbon is placed in the bed and
consumption through fermentation and oxidation will serve to reduce the mass unless
organic carbon is provided by external sources (i.e., planting) or by replacing the bed
materials at some interval. Decreased carbon content can affect halorespiration processes
by changing the rate and extent of degradation. It can also decrease the sorption potential
leading to lower retention times and breakthrough of contaminants prior to treatment.
This study was conducted to examine the impact of changing organic carbon
content using bed materials currently used in full-scale application of the technology at a
National Priority List (NPL) site in the U.S.A. At this site, chlorinated ethenes and
ethanes are being simultaneously treated including the compound 1,1-dichloroethane
(1,1-DCA), used here as a test compound. Biodegradation experiments were conducted in
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the laboratory coupled with reactive transport modeling to assess the impact of changing
organic carbon content on system performance.
2.2 Materials and Methods
2.2.1 Study description
This study was designed to mimic the loss of organic carbon over time by creating
a batch treatment system with varying organic matter content using a mixture of
commercially available peat (Worcester Peat Company, Cherryfield, ME) and sand. Neat
1,1-DCA from Supelco (Bellefonte, PA) was used as the test chemical in this study. This
experiment was carried out in two similar cycles to determine any changes in
biodegradation kinetics with time and the long term impact of the dechlorinating culture
as inoculum. The first cycle was characterized by a complete removal of 1,1-DCA in the
samples and then re-spiked with 1,1-DCA solution to begin the second cycle.
2.2.2 Microcosms setup and monitoring
The microcosms were set up using 160 mL serum bottles and prepared in an
anaerobic chamber (Coy Laboratory Products, Grass Lake, MI). All treatments were
spiked with equal volumes of 1,1-DCA solution for a target concentration of 2 mg/L.
The treatments were prepared in triplicate as follows:
Treatment I: 50 g peat + 90 mL deionized (DI) water
Treatment II: 25 g peat + 25 g sand + 92 mL DI water
Treatment III: 12.5 g peat + 37.5 g sand + 100 mL DI water
Treatment IV: 5 g peat + 45 g sand + 102 mL DI water
Treatment V: 50 g sand + 105 mL DI water
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The treatments were inoculated with 10 mL of 1,1-DCA dechlorinating culture
supernatant obtained from a prior biodegradation study. The supernatant was purged with
nitrogen gas to remove any traces of chlorinated solvents that would affect the initial
concentration of chlorinated ethanes in the treatments.
All treatments had a final volume of 135 mL, leaving 25 mL of headspace filled
with nitrogen gas. Each treatment had a corresponding killed control by displacing 4 mL
of DI water with equal amount of formalin solution, resulting in a total of 10 different
treatments. The bottles were capped with Teflon-lined rubber septa and sealed with
aluminum crimp seals. The samples were stored under static conditions in an incubator at
25oC. Aqueous and gaseous samples were taken from all the bottles at appropriate time
intervals for analysis to monitor the performance of the treatments. Aqueous phase
sampling for 1,1-DCA biodegradation monitoring was done using a micro-syringe
(Hamilton Company, Reno, NV). Gaseous phase samples were withdrawn using a gas
tight syringe (Hamilton Company, Reno, NV). After the initial concentrations of 1,1DCA were completely transformed in the active treatments, the bottles were re-spiked
with 1,1-DCA solution and the septa in all the active and killed controls were replaced
with new ones.
2.2.3 Aqueous and gas phase sample analysis
Aqueous phase samples were diluted in 40 mL of DI water and analyzed using a
gas chromatograph/mass spectrometer (GC/MS) (Agilent Technologies 6890N Network
GC System equipped with DB-VRX 30 m x 0.25 mm x 1.4 μm column, and Agilent
Technologies 5973 Network Mass Selective Detector) coupled to an AquaTek 70
Autosampler® (Teledyne Tekmar) and Velocity XPT® purge and trap sample
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concentrator (Teledyne Tekmar) to detect parent and daughter compounds using EPA
Method 8260B. The column was initially held at 40oC for 2 mins and then ramped at
13oC/min to 190oC. It was then held at 190oC for 3.46 mins.
Methane, ethane and ethene gases were analyzed using a GC/FID. Headspace
samples (1 mL) were injected onto a gas chromatograph with flame ionization detector
(Agilent 6850) equipped with a 2 m HayesSep D packed column. The column was held at
80oC isothermally for 3.25 min. The carrier gas was ultra-high purity nitrogen at a flow
rate of 15 mL/min. Analytical standards and surrogates for the chlorinated VOCs as well
as methane, ethane, and ethene calibration gases were obtained as mixtures from Supelco
Analytical.
2.2.4 Organic matter determination
The soil total organic matter content (OM) was determined using the procedure
outlined in ASTM D2974. The total organic carbon content (TOC) was calculated from
OM using a conversion factor of 1.724 (Schumacher, 2002).
TOC  OM

1.724

…………………………………………………………. (2.1)

2.3 Modeling of Engineered Wetland Performance and Statistical Analysis
The first-order kinetic model shown below was applied for the biodegradation data.
C  C 0 e  kt ………………………………………………………………… (2.2)

where C is the concentration (mol/L) of 1,1-DCA at time t (day), C0 is the initial 1,1DCA concentration (mol/L), and k is the reaction rate constant (day-1). The data were
evaluated for statistical analysis using the appropriate tests (t-test, ANOVA) and a
significance level of 5%.
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The characteristic half-life period, t 1 was calculated from the first order rate
2

constant using the following equation:

t1 =
2

ln 2 0.693
………………………………………………..………... (2.3)

k
k

Biodegradation is affected by the soil organic matter content which determines the
sorption capacity of a treatment wetland bed. The sorption distribution coefficient Kd
(L/kg) and retardation factor R (dimensionless) defined below (Kassenga et al., 2003)
were used to estimate the impeded contaminant velocity which can lead to increased
residence time in the treatment wetland bed and consequently, optimum biodegradation
performance.

 p

R  1 
K d  …………….……..…………....……………………..… (2.4)



where  p is the soil bulk density (kg/L) and  is the porosity. The sorption distribution
coefficient Kd can be estimated by using the soil sorption coefficient normalized for total
organic carbon content (Koc) for the contaminants and the fraction of soil organic carbon
(foc) as defined below:
K d  K oc f oc ……………………………………………..………...…….... (2.5)
The values of Koc are dependent only on the properties of the compound (not on the type
of soil) because it is normalized to organic carbon. In this study, the Koc value for 1,1DCA (Koc = 40 at 25oC) was assumed as reported by Howard (1989).
Sequential dechlorination kinetics was modeled numerically using the 1dimensional advection, sorption, and biodegradation approach. Dispersion which is
described by fluid mixing due to groundwater movement and aquifer heterogeneities is
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assumed to be negligible in the transport of the contaminant through the bed. The wetland
bed was divided into small cells (1 cm each in depth). For each cell, the following
equations were utilized to describe the change in concentration of parent and daughter
cVOCs:
Parent compound (1,1-DCA):
C x  C 0 exp( kt x xR) ……………………………………………………. (2.6)
where Cx is the concentration of 1,1-DCA in any vertical cell (mol/L), C0 is the initial
concentration applied to the top of the EWS bed (mol/L), k is the first-order
biodegradation rate constant (1/day) of 1,1-DCA, tx is the time taken to travel across 1
cell (porewater velocity in cm/day * cell length in cm) in days, x is the number of cells
above the cell of interest x, and R is the retardation coefficient of 1,1-DCA (unitless).
Daughter compound (chloroethane):
C x  (M x (x 1)  D)  C ( x 1) exp(  k1t x xR1 ) .……………………………….. (2.7)

where Cx is the concentration of chloroethane in any vertical cell (mol/L), M is the mass
degraded of the parent compound between the current cell and the cell immediately
above it (mg), D is the mass change between the parent and daughter compounds due to
the loss of a chlorine atom (mg) (for 1,1-DCA degrading to chloroethane, D = molecular
weight of chloroethane/molecular weight of 1,1-DCA), C(x-1) is the concentration of
chloroethane in the cell immediately above the current cell (mol/L), k1 is the first-order
biodegradation rate constant of chloroethane, and R1 is the retardation coefficient
(unitless) of the chloroethane. All other terms are as described in equation 2.7
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2.4 Results and Discussion
2.4.1 Fate of 1,1-DCA in microcosms
Dechlorination profiles from the active treatments and corresponding killed controls
in the five treatment soils are shown in Figures 2.1 through 2.5. Each data point
represents the mean of the concentration values obtained from triplicate samples. The
samples were re-spiked with 1,1-DCA solution after complete degradation to
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Figure 2.1: 1,1-DCA dechlorination profile in 100% peat media.
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Figure 2.2: 1,1-DCA dechlorination profile in 50% peat and 50% sand media.
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Figure 2.3: 1,1-DCA dechlorination profile in 25% peat and 75% sand media.
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Figure 2.4: 1,1-DCA dechlorination profile in 5% peat and 95% sand media.
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Figure 2.5: 1,1-DCA dechlorination profile in 100% sand media.
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The treatments of 1,1-DCA in the various soil mixtures resulted in the
accumulation of CA within the experimental period. However, the 100% sand treatment
showed an initial degradation of 1,1-DCA but the transformation slowed considerably
and the concentration practically remained stable in the later stage of the experiment.
This behavior was probably due to the presence of inoculum at the start of the experiment
and as time progressed, the insignificant soil organic matter in the sand treatment could
not support biodegradation of the 1,1-DCA. The lag time between the end of the first
treatment cycle and the start of the second treatment cycle involved partial starvation of
the microbial population by injecting a very low concentration of 1,1-DCA to investigate
the effects of treatment disruption that may occur in the field due to changes in
concentration of pollutants resulting from hydrologic conditions. This disruption did not
appear to have any consequence on the treatment capability of the system.
Tables 2.2 and 2.3 below summarize the final mass balance of 1,1-DCA
dechlorination in both the aqueous and gas phases in each treatment.
Table 2.2: Phase 1 final mass balance of 1,1-DCA dechlorination.

Treatments
100% peat (live)
100% peat (killed)
50% peat (live)
50% peat (killed)
25% peat (live)
25% peat (killed)
5% peat (live)
5% peat (killed)
100% sand (live)
100% sand (killed)

Initial conc.
(10-6 moles)
1,1-DCA
4.12
3.97
4.01
4.05
3.85
3.66
3.80
4.07
4.03
4.08

Final conc. (10-6 moles)
1,1-DCA
CA
Total
0
3.73
0
3.85
0
3.37
0
3.80
2.88
3.91
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3.79
0
3.90
0
3.54
0
3.30
0
0.93
0

3.79
3.73
3.90
3.85
3.54
3.37
3.30
3.80
3.81
3.91

Percent recovery (%)
92.0
94.0
97.3
95.1
92.0
92.3
87.6
93.4
94.5
95.8

Table 2.3: Phase 2 final mass balance of 1,1-DCA dechlorination.

Treatments
100% peat (live)
100% peat (killed)
50% peat (live)
50% peat (killed)
25% peat (live)
25% peat (killed)
5% peat (live)
5% peat (killed)
100% sand (live)
100% sand (killed)

Initial conc. (10-6 moles)
1,1-DCA
CA
3.44
3.10
2.92
3.34
3.13
2.79
3.64
2.94
2.32
3.29

Final conc. (10-6 moles)
Percent recovery (%)
1,1-DCA
CA
Total

3.18
0
3.11
0
2.81
0
2.61
0
0.82
0

0
3.07
0
3.11
0
2.73
0
2.83
2.2
3.17

6.4
0
5.58
0
5.63
0
5.90
0
0.7
0

6.4
3.07
5.58
3.11
5.63
2.73
5.90
2.83
2.90
3.17

96.7
99.0
92.6
93.2
94.7
98.0
94.4
96.1
92.8
96.5

The percent recovery for the first treatment cycle of 1,1-DCA using 100 percent
peat (Treatment I), 50 percent peat (Treatment II), 25 percent peat (Treatment III), 5
percent peat (Treatment IV), and 100 percent sand (Treatment V) were 92%, 97.3%,
92%, 87.6%, and 94.5% respectively. For the second treatment cycle the percent recovery
using the treatment order listed above were respectively 96.7%, 92.6%, 94.7%, 94.4%,
and 92.8%. The percent recovery for the killed control Treatments I through V during
the first cycle were 94%, 95.1%, 92.3%, 93.4%, and 95.8% respectively. The killed
control second treatment cycle for Treatments I through V were 99%, 93.2%, 98%,
96.1%, and 96.5% respectively. Since none of the possible daughter products were
detected in the killed control, the differences in mass balance could be due to
experimental errors from sampling and analytical procedures. This range of losses is
similar to those reported by previous studies on chlorinated ethane and ethene
biodegradation (Kassenga et al., 2003; Mbuligwe 2008) but was less than those reported
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by Lorah and Voytek (2004). The fact that there were no chloroethane or daughter
products detected in the killed control treatments suggests that the transformation of 1,1DCA was completely due to biological activity. Dechlorination process in the live
treatments terminated with chloroethane production since it accumulated in the reactor
and no detectable concentrations of ethane or ethene were observed. The results shown in
Figures 2.1 through 2.5 strongly suggest that the presence of organic matter in a treatment
bed is necessary for effective biodegradation. However, the percentage of peat in the
media did not make much difference, in the short term, on the eventual biodegradation of
1,1-DCA in the treatment system.
The second treatment cycle (phase) of the study simply involved re-spiking 1,1DCA into the microcosm bottles and was initiated after complete degradation of initial
1,1-DCA. Similar trends in the fate of the cVOCs were observed when compared to the
first treatment cycle. However, some losses were observed between the first and second
treatment cycles as a result of sample handling and analysis.
2.4.2 Dechlorination pathways and kinetics
1,1-DCA was biodegraded to CA which accumulated in all the microcosms test
soils (Tables 2.2 and 2.3). This degradation pathway was also reported by other
investigators (de Best et al., 1999; Adamson and Parkin, 2000; Sun et al., 2002; Grostern
and Edwards, 2006). It is possible that the microorganisms responsible for 1,1-DCA
degradation are not capable of degrading CA or perhaps CA is recalcitrant to anaerobic
biological dechlorination.
Kinetic rate constants and half-life for the wetland soil treatments are shown in
Table 2.4. As expected, phase 1 treatment cycle took longer to reach complete 1,1-DCA
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degradation for treatments containing peat compared to the phase 2 treatment cycle. As a
result reaction rate constants are higher when computed from phase 2 data. This was
likely due to acclimation and microbial growth leading to increased dehalorespiration. At
the end of phase 1, it was observed that the treatment involving 25% peat performed best
while the 5% peat soil mixture performed least in terms of time taken for complete 1,1DCA transformation (69 days and 84 days respectively). These time differences were,
however, less pronounced in phase 2. A statistical analysis of the dechlorination rates
using ANOVA and t-test showed that the rates were not significantly different (ANOVA;
p>0.05) between the treatments with peat.
Table 2.4: 1,1-DCA biodegradation rate constants in microcosm treatments with
different soil organic matter content.
Treatment

First order rate constant
(10-2 d-1)

Half-life (d)

R2 value

100 percent Peat
Peat: Sand (1:1)
Peat: Sand (1:3)
Peat: Sand (1:19)
100 percent Sand

Phase 1
2.65 ± 0.5
2.82 ± 0.3
3.47 ± 0.7
2.63 ± 0.8
0.45 ± 0.02

26.2
24.6
20
26.4
154

0.79
0.92
0.79
0.6
0.91

100 percent Peat
Peat: Sand (1:1)
Peat: Sand (1:3)
Peat: Sand (1:19)
100 percent Sand

Phase 2
9.15 ± 1.6
10.5 ± 2.0
9.22 ± 1.2
7.56 ± 1.6
N/A

7.6
6.6
7.5
9.2
N/A

0.78
0.83
0.82
0.77
N/A

The maximum rate constant observed was in the microcosms with 25% peat
(0.0347 d-1) which corresponds to a half-life of approximately 20 days. By contrast,
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degradation was very limited in the treatment with 100% sand with a rate constant of
0.0045 d-1. This rate was statistically lower than the rates with peat (ANOVA; p>0.05).
2.4.3 Methane concentrations
Results of the total methane concentrations in the 1,1-DCA treatment microcosms
are shown in Table 2.5. The concentration of methane increased considerably in all the
active treatments but remained fairly constant in the killed control treatment. This
observation confirms that anaerobic biodegradation of 1,1-DCA was responsible for the
transformation of 1,1-DCA to chloroethane.
Table 2.5: Methane production rate in 1,1-DCA microcosms.
Methane product.
Methane production rate/mass of peat
rate (nM/day)
(nM/day/g peat)
Treatment
100% peat
170
3.4
50% peat + 50% sand
20
0.8
25% peat + 75% sand
10
0.8
5% peat + 95% sand
7
2.8
100% sand
6
N/A

R2 value
0.97
0.9
0.7
0.83
0.97

The concentration of methane was observed to be dependent on the amount of peat
in the soil mixture; the treatment involving 100 percent peat had the highest methane
concentration while the treatment involving 100 percent sand had the lowest methane
concentration. However, this did not translate to increased dechlorination kinetics as was
observed above. The methane production rates per mass of peat were relatively higher in
the 5 and 100 percent peat concentration (2.8 nM/day/g peat and 3.4 nM/day/g peat,
respectively) compared to the 25 and 50 percent peat (0.8 nM/day/g peat each). Dunfield
et al. (1993) reported similar methane production rates from peat slurries at 25oC. Gas
bubbles were observed in the treatments containing peat although their methane
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concentrations were less than the solubility of methane in water (22.7 mg/L at 20oC).
These potential methane bubbles can be formed even at concentrations less than the
solubility of methane in water (Chanton and Whiting, 1995). These bubbles are capable
of reducing the hydraulic conductivity of the soil and negatively affecting the flow
regime (Beckwith and Baird, 2001; Baird and Waldron, 2003, Waddington et al., 2009).
The reduced methane production rates per mass of peat observed in the 25 and 50 percent
peat treatments implies that system optimization for methane control is feasible.
2.4.4 Application of study in vertical flow EWS bed design
Results above indicate that increasing peat concentration did not influence the
degradation rate but did increase methane production proportionally to peat percentage.
Peat content also directly will impact sorption of cVOCs and retardation through the bed.
The interplay of 1,1-DCA biodegradation, sorption, and retardation was modeled
numerically using a spreadsheet. The numerical modeling technique developed was
achieved by assuming well mixed cells of 1cm depth through which the contaminated
groundwater travels. Figure 2.6 shows the simulated effects of these factors on
biodegradation of 1,1-DCA in an EWS to be operated at a Superfund Site in North
Dartmouth, MA. The bed size used for this study was 2.5 m deep with an area of
approximately 405 m2. The biodegradation rate constants determined in phase 2 of the
peat amended treatments were used in the simulation while the biodegradation rate
constant for the 100 percent sand reported in phase 1 was used. The calculated soil and
flow parameters are listed in Table 2.6.
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Figure 2.6: Simulated concentration profile of 1,1-DCA as a function of distance in a
vertical flow EWS with different soil organic carbon content.
Table 2.6: EWS flow parameters for the different soil mixture
100%
50% Peat +
25% Peat +
5% Peat +
Soil and Flow Parameters
Peat
50% Sand
75% Sand
95% Sand
3
Particle density (g/cm )
1.41 ± 0.02
1.77 ± 0.03
2.1 ± 0.03
2.22 ± 0.05
Bulk density (g/cm3)
0.6 ± 0.02
0.98 ± 0.02
1.2 ± 0.01
1.4 ± 0.01
3
3
Porosity (cm /cm )
0.57
0.45
0.43
0.37
Total organic carbon (%)
7
4
2
0.4
Porewater velocity(cm/day)
45.1
57.2
59.8
69.5
Residence time (day)
5.4
4.27
4.08
3.51
Retardation coefficient*
3.9
4.5
3.2
1.6
*Retardation coefficient estimated by using soil sorption coefficient normalized for
organic carbon, Koc, reported by Howard, P.H. (1989).

100%
Sand
2.5 ± 0.06
1.7 ± 0.01
0.32
0
73.5
3.32
1

The 1,1-DCA biodegradation profiles shown in Figure 2.6 demonstrates the role of
soil organic carbon in treatment wetlands. Initial concentrations of 1,1-DCA were almost
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completely degraded in the soil mixtures having at least 25 percent peat within the
assumed bed depth. Chloroethane accumulation in all the treatments were observed as
reported in the previous section. The best treatment performance was observed to occur
when equal amounts of peat and sand were used. However, the degradation profile did
not seem to differ significantly when the peat concentration was at least 25 percent. This
implies that bed design optimization for both sorption capacity and geotechnical
characteristics can easily be achieved using a peat and sand soil mixture.
2.5 Conclusion
Soils containing varying organic matter content (5%, 25%, 50%, and 100% peat)
were able to completely transform 1,1-DCA to chloroethane with no statistically
significant differences in the first-order biodegradation rate constants. The biodegradation
rate constants for the peat amended systems were (2.63±0.8 – 3.47±0.7)10-2day-1 and
(7.56±1.6 – 10.5±2.0)10-2day-1 for phase 1 and phase 2 treatment cycles respectively.
Chloroethane was the only daughter product observed and did not biodegrade, thus,
accumulating in the microcosms. Increasing the amount of peat to sustain the degradation
process over time has the penalty of increasing methane production; which may result in
bubble formation and subsequent clogging of the bed. The distribution of 1,1-DCA and
its corresponding retardation in the different soil mixtures were estimated. Results of the
study were used to simulate a vertical flow EWS designed to treat 1,1-DCA contaminated
groundwater. Limited breakthrough of 1,1-DCA was observed in the soil treatments with
at least 25% peat content, however, breakthrough was accelerated in the soils containing
zero and five percent peat.
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CHAPTER 3: TREATMENT ENHANCEMENT OF cis-1,2-DCE AND 1,1-DCA IN
ENGINEERED WETLAND SYSTEMS
3.1 Introduction
Microbial treatment of chlorinated volatile organic compounds (cVOCs) such as
cis-1,2-dichloroethene (cis-1,2-DCE) and 1,1-dichloroethane (1,1-DCA) in engineered
wetland systems (EWS) is a new engineered process that can lead to the transformation
of these solvents to nontoxic end products (Kassenga et al., 2004; Imfeld et al., 2009;
Vainberg et al., 2009). The operation of EWS can be affected by the requirement to
establish and maintain dehalogenating microorganisms. The wetland media usually
consists of commercially available soil mixtures where these organisms are absent or
present in very low numbers (Runes et al., 2001). As a result, EWS need an adaptation
period in order to achieve cleanup efficiency that is typical of the system (Kadlec and
Knight, 2008; Nurk et al., 2009). Reducing this adaptation period or lag time can be
achieved by accelerating the development of the necessary characteristics of the local
microbial population through bioaugmentation and biostimulation (Nurk et al., 2009).
Bioaugmentation involves the application of naturally occurring microbial strains
or mixed cultures that are isolated from the contaminated site, the addition of
microorganisms with specific metabolic pathways that are not present at the
contaminated site, or the addition of genetically modified microorganisms (Scow and
Hicks, 2005). Only bacteria of the Dehalococcoides genera have been shown to
completely transform cis-1,2-DCE to ethene (Maymo-Gatell et al., 1997; Hendrickson et
al., 2002; Sung et al., 2006; Lee et al., 2008). Bioaugmentation technique has been
applied by adding a Dehalococcoides-containing enrichment culture obtained from
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contaminated sites that completely dechlorinates tetrachloroethene (PCE) to ethene (Yu
and Semprini, 2004; Azizian et al., 2008). Lee et al. (2008) reported the presence of
Dehalococcoides sp. and three reductive dehalogenase (RDase) genes (tceA, vcrA, and
bvcA) as biomarkers of Dehalococcoides sp. that were indigenous to a trichloroethene
(TCE) contaminated site in Fort Lewis, WA. Certain bacteria of the Dehalobacter genera
have been shown to reductively dechlorinate 1,1,1-trichloroethane (1,1,1-TCA) and 1,1DCA to chloroethane (CA) in both laboratory and field studies (Sun et al., 2002; Grostern
and Edwards, 2006; Grostern et al., 2009). However, the environmental occurrence of
Dehalobacter sp. capable of 1,1,1-TCA and 1,1-DCA dehalorespiration is not well
known (Scheutz et al., 2011).
Biostimulation is another strategy employed during enhanced bioremediation by
supplying an external carbon source or electron donor to optimize reductive
dechlorination. Nutrients are artificially supplied to existing microorganisms that
biodegrade the contaminants of concern. Basu and Asolekar (2012) conducted studies
that showed sodium acetate and ethanol as suitable carbon sources in the biodegradation
of 1,1,2-trichloroethane (1,1,2-TCA) and 1,1,2,2-tetrachloroethane (1,1,2,2-TeCA).
Sodium acetate and dextrose were reported by Gupta and Mali (2008) to be effective
electron donors during reductive dechlorination of 1,2-dichloroethane (1,2-DCA).
Aulenta et al. (2006) reported that 1,1,2,2-TeCA was transformed to vinyl chloride (VC)
and dichloroethenes (DCEs) in microcosm studies where yeast extract, lactate, butyrate,
hydrogen, and acetate were added as amendments. However, selecting the right dose of
external carbon or electron donor is difficult to achieve. Also, there are concerns that
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biostimulation may not actually lead to treatment optimization (Lookman et al., 2005).
This may be as a result of the rich organic carbon in the soil.
In this study, the effects of external carbon source using acetate on cis-1,2-DCE and
1,1-DCA treatment as well as bioaugmentation using inoculum proven to biodegrade 1,1DCA will be investigated. These amendments will be applied to EWS media from pilotscale studies at the ReSolve Superfund Site where cis-1,2-DCE and 1,1-DCA are
contaminants of concern.
3.2 Materials and Methods
3.2.1 Microcosm description and experimental procedures
Anaerobic microcosms were set up using 160 mL glass serum bottles in an oxygen
free anaerobic chamber (Coy Laboratory Products, Grass Lake, MI). The bottles were
filled with 50 g of EWS media comprising 60% peat and 40% sand by volume from a
pilot-scale study at the ReSolve Superfund Site and 95 mL of deionized water. The
following treatments were selected for this study:
Treatment I: EWS media spiked with 1,1-DCA solution (no inoculum)
Treatment II: EWS media spiked with 1,1-DCA solution and inoculated with 10 mL
slurry containing 1,1-DCA dechlorinating bacteria
Treatment III: EWS media in 3 mM acetate solution, spiked with 1,1-DCA solution (no
inoculum)
Treatment IV: EWS media in 3 mM acetate solution, spiked with 1,1-DCA solution (with
inoculum)
Treatment V: EWS media spiked with 1,1-DCA solution and 4 mL formaldehyde
solution as biocide
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Treatment VI: EWS media containing cis-1,2-DCE degraders, spiked with cis-1,2-DCE
solution
Treatment VII: EWS media containing cis-1,2-DCE degraders supplied with 3 mM of
acetate solution, and spiked with cis-1,2-DCE solution
Treatment VIII: EWS media spiked with cis-1,2-DCE and 4 mL formalin as biocide
The 1,1-DCA dechlorinating bacteria was obtained from the supernatant of a
previous 1,1-DCA biodegradation study. The supernatant was purged with nitrogen gas
to remove chlorinated solvents present before adding 10 mL to the 1,1-DCA study. The
treatments had a headspace of 25 mL which was filled with nitrogen gas. Both 1,1-DCA
and cis-DCE were re-spiked in their respective microcosms after complete transformation
was observed. All eight treatments were prepared in triplicates and incubated at 25oC in
the dark. Aqueous and gas phase samples were regularly withdrawn from the microcosms
for analysis.
3.2.2 Column study setup
Downflow column experiments were conducted using two identical cylindrical
glass vessels 67 cm long and 15 cm in diameter. Each column had six sampling ports
evenly spaced at 7.5 cm and equipped with biopsy needles that were tightly secured using
rubber plugs. Two additional ports at the top and bottom of the column were used for
inlet and outlet, respectively. The experimental set-up is shown in Figure 3.1 below.
The wetland bed material (soil) was obtained from the Site and comprised 60%
peat and 40% sand by volume. The top and bottom ends of the bed were filled with 5 cm
of fine gravel to allow for uniform distribution of inlet and outlet flow. Packing of the
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soil was carefully performed to insure uniform bulk densities. The columns were
completely wrapped with aluminum foil to prevent growth of plants and algae.
Fine gravel for
uniform flow

Influent
VOC
Solution

Hydraulic head
adjustment pipe

Teflon-lined floating lid
to eliminate headspace

Sampling
port

Wetland bed
material

Peristaltic pump

Effluent
line

Figure 3.1: Schematic diagram of the column experimental setup for treating chlorinated
ethenes and ethanes.
Kassenga et al. (2003) and Mbuligwe (2008) reported characterization procedures
on determining wetland bed hydrological and geotechnical properties. The wetland bed
characteristics are summarized in Table 3.1.
Table 3.1: Treatment wetland bed characteristics and flow parameters
Column characteristics
Bed length (cm)
Media density (kg/m3)
Bulk density (kg/m3)
Porosity (%)
Organic fraction (%)
Hydraulic conductivity (cm/s)
Flow rate (L/d)

Mean value
45
2.12 ± 0.08
1.25 ± 0.04
41
3.1 ± 0.12
1.55 x 10-3 ± 4.04 x 10-5
5.76
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The feed solutions prepared from neat cis-1,2-DCE and 1,1-DCA (Supelco,
Bellefonte, PA) were used as synthetic groundwater. The target concentrations for both
compounds were 1 mg/L. The feed solutions were replenished regularly, insuring
continuous operation of the column. A floating lid was used to eliminate head space
above the solution in each reservoir to minimize loss of compounds to the atmosphere
through volatilization. The influent line was connected at the top of the column and the
effluent line located at the bottom of the column. The effluent discharge line was
connected to a 15 cm diameter pipe which served to control the hydraulic head in the soil
column and insuring constant saturation of the wetland bed. The system was operated at
near constant temperature of 25oC.
Sampling of the water passing through the bed was done through the biopsy
needles and collected in clean glass volatile organic analysis (VOA) vials. A total of eight
samples were collected from each column per sampling event.
3.2.3 Column bioaugmentation
The treatment of cis-1,2-DCE and 1,1-DCA in the soil columns were enhanced
using two separate inocula. The inocula contained microorganisms that dechlorinated cis1,2-DCE to ethene and ethane, and 1,1-DCA to CA. They were obtained from the
microcosm dechlorination studies discussed in the previous section. Before application to
the columns, the concentrations of the chlorinated solvents in the inocula were reduced to
almost zero by bubbling nitrogen gas through the solutions. The inocula were then
applied through each sampling port (except the effluent port) using 10 mL syringes.
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3.2.4 Aqueous and gas phase sample analysis
Aqueous phase samples were analyzed using a gas chromatograph/mass
spectrometer (GC/MS) (Agilent Technologies 6890N Network GC System equipped with
DB-VRX 30 m x 0.25 mm x 1.4 μm column, and Agilent Technologies 5973 Network
Mass Selective Detector) coupled to an AquaTek 70 Autosampler® (Teledyne Tekmar)
and Velocity XPT® purge and trap sample concentrator (Teledyne Tekmar) to detect
parent and daughter compounds using EPA Method 8260B. The column was initially
held at 40oC for 2 mins and then ramped at 13oC/min to 190oC. It was then held at 190oC
for 3.46 mins.
Methane, ethane and ethene gases were analyzed using a GC/FID. Headspace
samples (1 mL) were injected onto a gas chromatograph with flame ionization detector
(Agilent 6850) equipped with a 2 m HayesSep D packed column. The column was held at
80oC isothermally for 3.25 mins. The carrier gas was ultra-high purity nitrogen at a flow
rate of 15 mL/min. Analytical standards and surrogates for the chlorinated VOCs as well
as methane, ethane, and ethene calibration gases were obtained as mixtures from Supelco
Analytical.
3.2.5 Retardation coefficient determination
The role of sorption in the performance of engineered wetland systems have been
well documented (Kassenga et al., 2003; Mbuligwe, 2008; Seeger et al., 2011). The
sorption distribution coefficient was determined using the linear sorption model described
by using the equation 3.1 below:

Kd 

qs
………………………………..………………………………….….. (3.1)
Ce
38

where Kd is the sorption distribution coefficient (L/kg), C e is the equilibrium
concentration (kg/L) and q s is the mass of chemical sorbed per unit mass of soil (kg/kg).
The retardation coefficient was evaluated using the equation below

 p

R  1 
K d  …………………………..…………………………..……… (3.2)



where R is the retardation coefficient,  p is the soil bulk density (Kg/L), and  is the soil
porosity.
3.2.6 Characterization of microbial community using qPCR
At the end of the microcosm studies, samples of the synthetic groundwater and soil
media were sent to Microbial Insights Inc. (Rockford, TN) for microbial analysis using
quantitative polymerase chain reaction (qPCR) to identify and quantify the dominant
microorganisms responsible for both cis-1,2-DCE and 1,1-DCA biodegradation. Realtime PCR was performed on each sample using oligonucleotides that are designed to
target Dehalococcoides sp. and Dehalobacter sp. (He et al., 2005). For Taqman based
assays, one of the oligonucleotides was a probe containing 6-carboxy-fluorescein (FAM)
as a reporter fluorochrome on the 5’ end, and N,N,N’,N’-tetramethyl-6-carboxyrhodamine (TAMRA) as a quencher on the 3’ end. Each 30 µl reaction contained 1X
TaqMan Universal PCR Master Mix (Applied Biosystems); forward primer, reverse
primer, Taqman probe and DNA template from the extracted samples. The PCR
conditions were as follows: 2 min at 50°C and 10 min at 95°C, followed by 50 cycles of
15 s at 95°C and 1 min at 58°C. The PCR reaction was carried out in an ABI Prism 7300
Sequence Detection System (Applied Biosystems, Foster City, CA).
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A calibration curve was obtained by using a serial dilution of a known
concentration of positive control DNA. The concentration values obtained from each
sample were then compared with the standard curve to determine the original sample
DNA concentration.
3.3 Biodegradation Data Analysis and Modeling
The biodegradation data from the vertical flow column studies were fitted to the
first-order kinetic model in equation 3.1 (Kassenga et al., 2003) to determine the
dechlorination rate constants of parent and daughter cVOCs:
Parent compounds (cis-1,2-DCE and 1,1-DCA):
C  C 0e

 kR

x
v

……………………….…….……………………………... (3.3)

where C is the concentration (mol/L) of the parent compound along a vertical distance, x
(m); C0 is the initial concentration (mol/L) applied to the top of the column; k is the firstorder biodegradation rate constant (day-1); R is the retardation coefficient (unitless); and ν
is the seepage velocity (m/d).
Daughter compounds (VC and chloroethane):
x

B

x

 kRB
 k B RB
kC 0
v
(e v  e
) ……………………………..………….……... (3.4)
kB  k

where B is the concentration (mol/L) of the daughter compounds along a vertical
distance, x (m); kB is the first-order biodegradation rate constant of the daughter
compounds (day-1); and RB is the retardation coefficient of the daughter compounds. All
other terms are as described above.
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Equation 3.4 was solved by regression analysis to determine kB using SigmaPlot
(SPSS Inc., Chicago, IL).
The data from anaerobic microcosm (batch) studies were also fitted to first-order
kinetics similar to equations 3.3 and 3.4 as shown below:
Parent compounds (cis-1,2-DCE and 1,1-DCA):
C  C 0 e  kt ………………………………………………………………. (3.5)

Daughter compounds (VC and chloroethane):

B

kC0
(e  kRBt  e  k B RBt ) ………………………………………………… (3.6)
kB  k

where t = time (day). The other terms are as described above.
The half-life period, t 1 (day) was calculated from the first-order rate constant k
2

(or kB) using the following equation:
t1 
2

ln 2 0.693
………………………..…………………………………… (3.7)

k
k

Statistical analysis of the cis-1,2-DCE and 1,1-DCA data were done using both
Analysis of Variance (ANOVA) and t-tests to determine if there were any significant
differences among the treatments.
3.4 Results and Discussion
3.4.1 Effect of bioaugmentation in microcosm experiments
Results from the 1,1-DCA and cis-1,2-DCE microcosms bioaugmentation studies
are presented in Figures 3.2 through 3.6 below. Each data point represents the average of
triplicate samples.
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Figure 3.2: Live control concentration profiles of 1,1-DCA and chloroethane in
engineered wetland soil microcosms.
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Figure 3.3: Concentration profiles of 1,1-DCA and chloroethane in engineered
wetland soil microcosms inoculated with 1,1-DCA biodegrading culture.
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Figure 3.4: Killed control concentration profile of 1,1-DCA in engineered wetland soil
microcosms.
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Figure 3.5: Concentration profiles showing cis-1,2-DCE treatment in engineered wetland
soil microcosms initially populated by cis-1,2-DCE biodegrading microorganisms.
43

cVOC concentration, mol/bottle

5
cis-1,2-DCE
VC
4

3

2

1

0
0

10

Time, days

20

30

40

Figure 3.6: Killed control concentration profile of cis-1,2-DCE in engineered wetland
soil microcosms.
All the active treatments above show a complete transformation of the parent
compounds to daughter products. In the case of 1,1-DCA, dechlorination to chloroethane
(CA) was observed as the only transformation pathway, hence, its accumulation in the
bottles (Figure 3.2 – 3.3). Repeated doses of 1,1-DCA showed the same removal trend
and pathway. The killed control treatment did not yield any dechlorination product
suggesting that the transformation observed in the active treatments was through
biodegradation. The relatively short lag times before the onset of biodegradation were
similar in all the treatments indicating an initial presence of dechlorinating
microorganisms and a quick acclimation period in the microcosms.
A comparison of Figures 3.2 and 3.3 shows some differences and similarities
between the biodegradation profiles of the live control and bioaugmented treatments. In
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the acctive controll treatment, a gradual reemoval of 1,1-DCA wass observed thhroughout thhe
phasee 1 treatmen
nt. A differeent trend waas observedd in the bioaaugmented ssamples. It is
apparrent that the addition of inocula had a moree pronounceed initial im
mpact on thhe
biodeegradation of 1,1-DCA, resulting in a sharp droop in its conccentration w
within the first
20 daays. Howev
ver, after thee 20th day, a reduced bbiodegradatiion was obsserved in thhe
inocu
ulated treatm
ment comparred to the liive control ttreatment. Inn the end, ccomplete 1,11DCA
A removal in
n the inocullated treatment took onnly a few daays less thaan in the livve
contrrol treatmentt. The 1,1-DCA dechloriination profi
files of the phhase 2 treatm
ments in botth
contrrol and inocu
ulated micro
ocosms systtems were vvery similar. Rapid dechhlorination oof
1,1-D
DCA was ob
bserved in both
b
treatmeent within siimilar time frame. Thiss implies thaat
bioau
ugmentation of a treatmeent system in
nvolving 1,11-DCA may be useful inn acceleratinng
the in
nitial degradation processs but not neccessarily oveer the long-tterm.
Figures 3.4
4 and 3.5 show
s
the deechlorinationn profiles oof cis-1,2-DCE from thhe
bioau
ugmented an
nd killed con
ntrol treatments, respectiively. In the bioaugmentted treatmennt,
cis-1,,2-DCE was transformed
d to VC and eventually tto ethene as illustrated bbelow:
cis-1,2-DC
CE

VC
C

etheene

At the on
nset of biod
degradation, cis-1,2-DC
CE was onnly transform
med to VC
C,
suggeesting that the
t first step
p in its red
ductive dechhlorination iss the produuction of VC
C.
Howeever, after monitoring
m
th
he samples fo
or a few dayys, cis-1,2-DCE, VC, andd ethene werre
found
d to be simu
ultaneously present. Th
his indicates that at som
me point in the treatmennt
proceess, VC prod
duction and biodegradati
b
ion were occcurring at thee same time.. This Similaar
dechllorination pathway has been reporrted by sevveral authorss (Cupples et al., 20044;
Duhaamel and Ed
dwards, 2007
7; Chambon
n et al., 20133). After thee treatment w
was re-spikeed
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with cis-1,2-DCE, a more rapid removal of both cVOCs was observed. The killed control
treatment did not produce any daughter product, and the concentration of cis-1,2-DCE in
the bottles remained fairly constant throughout the duration of the study (Figure 3.5).
Therefore, the complete transformation of cis-1,2-DCE in the bioaugmented treatment
was due to existing microorganisms.
Tables 3.2 and 3.3 summarize the results of the mass balances of both 1,1-DCA
and cis-1,2-DCE in the microcosms. The initial concentrations of the parent compounds
in the tables represent the summation of the concentrations added during phases 1 and 2.
The dechlorination rate constants and half-life times of cis-1,2-DCE, VC, and 1,1-DCA
are summarized in Table 3.4 below. The treatments were divided into phases 1 and 2
corresponding to initial complete removal of the parent compounds (cis-1,2-DCE and
1,1-DCA) and subsequent re-spiking in the microcosms. The data represents the average
of triplicate samples.
Table 3.2: Final mass balance of 1,1-DCA bioaugmentation microcosm study
Initial concentration
(10-6 moles)
Final concentration (10-6 moles)
Treatments
1,1-DCA
1,1-DCA
CA
Live control
3.73
0
3.68
Bioaugmented
3.47
0
3.36
Killed control
2.55
2.25
0

Percent
recovery (%)
98.7
96.8
88.4

Table 3.3: Final mass balance of cis-1,2-DCE bioaugmentation microcosm study

Treatments
Bioaugmented
Killed control

Initial concentration
Final concentration (10-6 moles)
(10-6 moles)
cis-1,2-DCE
cis-1,2-DCE VC
Ethene
7.43
0
0
7.2
3.95
3.71
0
0
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Percent
recovery (%)
96.9
93.9

Table 3.4: cis-1,2-DCE and 1,1-DCA biodegradation kinetics in bioaugmentation studies

Treatment

First-order rate constant (10-2 day-1)
1,1-DCA
c-1,2-DCE
VC

Live control
3.1 ± 0.5
Bioaugmented 3.9 ± 0.5
Live control
14.4 ± 2.2
Bioaugmented 12.2 ± 3.7

Half-life (day)
1,1-DCA c-1,2-DCE VC

N/A
13.6 ± 3.5

Phase 1
N/A
14 ± 2.8

22.1
17.6

N/A
5.1

N/A
4.7

N/A
26.2 ± 9.9

Phase 2
N/A
29.7 ± 6.1

4.8
5.7

N/A
2.6

N/A
2.3

In phase 1 of 1,1-DCA treatment, a higher biodegradation rate constant was
observed in the inoculated samples (0.039 day-1) compared to the non-inoculated active
samples (0.031 day-1). However, this trend was not observed in phase 2 where the
inoculated samples had a lower rate constant than the non-inoculated active control
samples (0.122 day-1 and 0.144 day-1, respectively). This result suggests that
bioaugmentation can enhance the initial biodegradation process but may not be necessary
over time when the microbial population has been established. Phase 2 treatment of 1,1DCA showed better biodegradation kinetics compared to phase 1 in both the inoculated
and active control microcosms. This improved performance was expected due to
continued acclimation and growth of the dechlorinating microorganisms.
The cis-1,2-DCE bioaugmentation study between phases 1 and 2 show a similar
trend as was observed in the 1,1-DCA treatment. Enhanced biodegradation was observed
in phase 2 when compared to phase 1 for both cis-1,2-DCE and VC. The biodegradation
rate constants of both compounds were similar (0.136 day-1 for cis-1,2-DCE and 0.14
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day-1 for VC) in phase 1 but differed (0.262 day-1 for cis-1,2-DCE and 0.29 day-1 for VC)
in phase 2 where a higher rate constant was recorded for VC.
Statistical analysis using t-tests show that for 1,1-DCA: (1) the biodegradation rate
constants for the active control and the inoculated treatments were significantly different
between phases 1 and 2 (p < 0.05), and (2) the rate constants were not significantly
different between active control and inoculated treatment in both phases 1 and 2 (p >
0.05). For both cis-1,2-DCE and VC, the biodegradation rate constants between phases 1
and 2 were significantly different (p < 0.05).
3.4.2 Effect of bioaugmentation in column studies
3.4.2.1 Engineered wetland bed sorption analysis
Results from sorption and retardation studies of the relevant chlorinated solvents
are summarized in Table 3.5 below.
Table 3.5: Summary of Sorption and Retardation Coefficient Data
Kd(L/Kg)
0.98
0.1
0.8
1.6

Test compound
cis-1,2-dichloroethene
Vinyl chloride
1,1-dichloroethane
Chloroethane

R (unitless)
2.68
1.17
2.37
3.74

The range of cis-1,2-DCE and 1,1-DCA concentrations at the Site were considered
when conducting the sorption analysis. The retardation results suggest a difference in the
transport of the parent compounds and their chlorinated daughter products in the two
columns. Vinyl chloride would be expected to travel through the wetland bed at a faster
rate than cis-1,2-DCE while chloroethane would be expected to move slower than 1,1DCA. However, the impact of this theory is minimized by the fact that the daughter
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products are present in the system only as result of the dechlorination of the parent
compound. Also, the microbial population acting on the compounds may have an overall
effect on the relative transport of the contaminants through the treatment system.
3.4.2.2 Fate of cis-1,2-DCE and 1,1-DCA in column studies
The influent concentrations of cis-1,2-DCE and 1,1-DCA from the synthetic
groundwater decreased progressively down the length of the soil column to the effluent
throughout the study. The biodegradation pathway for cis-1,2-DCE showed a reduction to
vinyl chloride and finally to ethene while 1,1-DCA was reduced to chloroethane which
was consistently detected in the effluent. Sampling and monitoring were conducted in
two phases: pre-inoculation (Phase 1) and post-inoculation (Phase 2).
Pre-inoculation treatment of cis-1,2-DCE and 1,1-DCA in column studies.
Phase 1 treatment of cis-1,2-DCE and 1,1-DCA in the columns were conducted
over a period of 7 and 12 weeks, respectively, to investigate the biodegradation process
without treatment enhancements. Representative dechlorination profiles during this
treatment phase are presented in Figures 3.7 through 3.10.
A decrease in the concentration of cis-1,2-DCE was observed as the synthetic
groundwater passed through the column during the first few weeks of system monitoring
as shown in Figure 3.7. This reduction in cis-1,2-DCE concentration was not
accompanied by detectable daughter products during groundwater monitoring and sample
analysis.
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Figure 3.7: Pre-inoculation porewater concentration profiles of cis-1,2-dichloroethene
and vinyl chloride in engineered wetland bed column, day 28.
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Figure 3.8: Pre-inoculation porewater concentration profiles of cis-1,2-dichloroethene
and vinyl chloride in engineered wetland bed column, day 42.
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Figure 3.9: Pre-inoculation porewater concentration profiles of 1,1-dichloroethane and
chloroethane in engineered wetland column, day 42.
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Figure 3.10: Pre-inoculation porewater concentration profile showing initial chloroethane
production from 1,1-DCA in engineered wetland column, day 83.
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Figure 3.8 shows evidence of cis-1,2-DCE biodegradation producing vinyl chloride
at about 37.5 cm from the inlet after 42 days of operation. Vinyl chloride was also found
in the effluent. In both Figures 3.7 and 3.8, it is very likely that sorption of cis-1,2-DCE
by the bed material (soil) was responsible for the progressive decrease in its
concentration as it traveled through the column (Braeckevelt et al., 2011; Bell and
LeBoeuf, 2013).
Figure 3.9 shows the 1,1-DCA concentration profile in the column after 42 days of
system monitoring. A sharp decrease in the concentration of 1,1-DCA in the porewater
was observed between 12.5 cm and 35 cm from the system inlet. No daughter products
were detected in the porewater samples. This result differs from sample analysis
conducted 83 days after initiating porewater sampling as shown in Figure 3.10 where
chloroethane was observed at a depth of 42.5 cm from inlet as well as in the effluent.
Chloroethane formation was an indication of 1,1-DCA biodegradation in the column. The
unaccounted for 1,1-DCA in both Figures 3.9 and 3.10 seem to suggest the possibility of
some other VOC removal mechanism such as sorption or even volatilization (Courbet et
al., 2011).
A comparison of the cis-1,2-DCE and 1,1-DCA treatment columns shows that 1,1DCA took much longer (83 days) to register any evidence of biodegradation compared to
cis-1,2-DCE (42 days) as seen in Figures 3.8 and 3.10. This observation was in
agreement with the microcosms data in the previous sections as well as other studies on
chlorinated ethenes and ethanes.
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Post-inoculation treatment of cis-1,2-DCE and 1,1-DCA in column studies
Biodegradation profiles from phase 2 treatment of cis-1,2-DCE in the treatment
column bed are summarized in Figures 3.11 through 3.20. The column was inoculated
with slurry obtained from the cis-1,2-DCE microcosms study. Although the soil media
used in the column and microcosms were from the same source (ReSolve Superfund
Site), the column study was initiated after a few months of obtaining the media. This
probably affected the microbial population since the soil was stored in bags and were not
fed with cis-1,2-DCE that could have kept the dechlorinating organisms active.
Consequently, biodegradation was not observed in the column during the first few weeks
of operation as discussed above.
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Figure 3.11: Post-inoculation porewater concentration profiles of cis-1,2-dichloroethene
and vinyl chloride in engineered wetland bed column, day 93.
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Figure 3.12: Post-inoculation porewater concentration profiles of cis-1,2-dichloroethene
and vinyl chloride in engineered wetland bed column, day 100.
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Figure 3.13: Post-inoculation porewater concentration profiles of cis-1,2-dichloroethene
and vinyl chloride in engineered wetland bed column, day 107.
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Figure 3.14: Post-inoculation porewater concentration profiles of cis-1,2-dichloroethene
and vinyl chloride in engineered wetland bed column, day 114.
60
cis-1,2-DCE
VC

Distance from the top, cm

50

40

30

20

10

0
0

20

40

60

80

cVOC concentration, g/L

100

120

Figure 3.15: Post-inoculation porewater concentration profiles of cis-1,2-dichloroethene
and vinyl chloride in engineered wetland bed column, day 121.
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Figure 3.16: Post-inoculation porewater concentration profiles of cis-1,2-dichloroethene
and vinyl chloride in engineered wetland bed column, day 128.

60
cis-1,2-DCE
VC

Distance from the top, cm

50

40

30

20

10

0
0

20

40

60

80

100

120

cVOC concentration, g/L

Figure 3.17: Post-inoculation porewater concentration profiles of cis-1,2-dichloroethene
and vinyl chloride in engineered wetland bed column, day 135.
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Figure 3.18: Post-inoculation porewater concentration profiles of cis-1,2-dichloroethene
and vinyl chloride in engineered wetland bed column, day 172.
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Figure 3.19: Post-inoculation porewater concentration profiles of cis-1,2-dichloroethene
and vinyl chloride in engineered wetland bed column, day 179.
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Figure 3.20: Post-inoculation porewater concentration profiles of cis-1,2-dichloroethene
and vinyl chloride in engineered wetland bed column, day 191.
The results show a breakthrough of both cis-1,2-DCE and vinyl chloride during the
first few weeks after inoculating the column (Figures 3.11 through 3.17). However, cis1,2-DCE was completely treated to vinyl chloride (daughter product) in the system by the
172nd day (25 weeks) of operation while vinyl chloride was not observed in the effluent
after 191 days (28 weeks) which implies that both compounds were effectively treated in
the column (Figure 3.20). The initial breakthrough observed even after inoculation might
be due to insufficient active microbial population in the system as reported in similar
studies (Kassenga et al., 2003; Mbuligwe, 2008). During the monitoring period indicated
in Figures 3.11 through 3.17, ethene was also observed as a daughter product in the
porewater samples taken from the sampling ports (result not shown). After 191 days of
operation, ethene was the only daughter product detected in the effluent.
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1,1-DCA degradation profiles after inoculating with microbial culture known to
biodegrade 1,1-DCA are presented in Figures 3.21 through 3.30. The performance of the
treatment bed in removing 1,1-DCA from the influent synthetic groundwater was
observed to improve with time and depth through the column after inoculation. After 172
days of column operation, 1,1-DCA was not detected in the porewater samples collected
at depths of 35 cm down to the effluent. However, chloroethane was observed in the
effluent. This result was consistent with the microcosm studies where chloroethane was
found to be resistant to biodegradation. Similar 1,1-DCA concentration profiles were
observed through an additional 19 days up to the termination of sampling events.
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Figure 3.21: Post-inoculation porewater concentration profiles of 1,1-dichloroethane and
chloroethane in engineered wetland column, day 93.
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Figure 3.22: Post-inoculation porewater concentration profiles of 1,1-dichloroethane and
chloroethane in engineered wetland column, day 100.
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Figure 3.23: Post-inoculation porewater concentration profiles of 1,1-dichloroethane and
chloroethane in engineered wetland column, day 107.
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Figure 3.24: Post-inoculation porewater concentration profiles of 1,1-dichloroethane and
chloroethane in engineered wetland column, day 114.
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Figure 3.25: Post-inoculation porewater concentration profiles of 1,1-dichloroethane and
chloroethane in engineered wetland column, day 121.
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Figure 3.26: Post-inoculation porewater concentration profiles of 1,1-dichloroethane and
chloroethane in engineered wetland column, day 128.
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Figure 3.27: Post-inoculation porewater concentration profiles of 1,1-dichloroethane and
chloroethane in engineered wetland column, day 135.
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Figure 3.28: Post-inoculation porewater concentration profiles of 1,1-dichloroethane and
chloroethane in engineered wetland column, day 172.
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Figure 3.29: Post-inoculation porewater concentration profiles of 1,1-dichloroethane and
chloroethane in engineered wetland column, day 179.
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Figure 3.30: Post-inoculation porewater concentration profiles of 1,1-dichloroethane and
chloroethane in engineered wetland column, day 191.
3.4.2.3 Assessing impact of bioaugmentation on column studies
Biodegradation rate constants for both pre-inoculation and post-inoculation
treatments of cis-1,2-DCE and 1,1-DCA were determined using first-order rate equation.
Data collected during the final sampling events were used to estimate the degradation rate
constants shown in Table 3.6
Table 3.6: Comparison of first-order removal rate constants in engineered wetland
columns treating cis-1,2-DCE and 1,1-DCA
First-order
removal
constant (day-1)
Compound
Pre-inoculated treatment (phase 1)
cis-1,2-DCE
0.06 + 0.02
1,1-DCA
0.06 + 0.01
Post-inoculated treatment (phase 2)
cis-1,2-DCE
0.2 + 0.04
1,1-DCA
0.13 + 0.02
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rate

The calculated biodegradation rate constants during the first phase of the treatment
column studies suggest that the biodegradation of both cis-1,2-DCE and 1,1-DCA to their
respective daughter products was not the dominant process in removing them from the
synthetic groundwater. Both compounds were found to have identical rate constants
although it took the 1,1-DCA column a much longer time to register its daughter product
(chloroethane) in the porewater samples (Figures 3.8 and 3.10). During the phase 2
studies, the biodegradation rate constants were different for both compounds and higher
than the values from phase 1 (Table 3.6). The results also show a higher rate constant for
cis-1,2-DCE system compared to 1,1-DCA. These findings are largely in agreement with
the results obtained from the microcosm studies.
The results from this study confirm that the addition of cis-1,2-DCE and 1,1-DCA
biodegrading microbial culture had an impact in the transformation and removal of those
compounds from the influent groundwater.
3.4.3 Effect of biostimulation on 1,1-DCA and cis-1,2-DCE biodegradation
Results from the 1,1-DCA biostimulation study and the combination of
biostimulation and bioaugmentation amendments of 1,1-DCA and cis-1,2-DCE in
microcosms are presented in Figures 3.31 to 3.33.
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Figure 3.31: Concentration profiles of 1,1-DCA and chloroethane in engineered wetland
soil microcosms amended with 3 mM acetate solution only.

cVOC concentration, mol/bottle

5
1,1-DCA
CA
4

3

1,1-DCA
respiked

2

1

0
0

20

40

60

80

100

120

Time, days

Figure 3.32: Concentration profiles of 1,1-DCA and chloroethane in engineered
wetland soil microcosms with inocula and 3 mM acetate amendments.
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Figure 3.33: Concentration profiles showing cis-1,2-DCE biodegradation in
bioaugmented engineered wetland soil with 3 mM acetate solution.
Figure 3.31 shows that the supply of an external carbon source (biostimulation)
accelerated the biodegradation of 1,1-DCA compared to the active control and
bioaugmentation-only treatments (see Figures 3.2 and 3.3). The startup (phase 1) 1,1DCA concentration in the acetate amended treatment was completely transformed to
chloroethane in approximately 56 days compared to 76 days when only inoculation was
applied and 84 days in the active control. This increased reaction rates enabled multiple
dosage of 1,1-DCA after its complete transformation to chloroethane.
A combination of biostimulation and bioaugmentation amendment to 1,1-DCA
(Figure 3.32) was found to more closely follow the trend observed in the biostimulation
treatment than the bioaugmentation treatment. This suggests that the addition of an
external carbon source to an EWS treating 1,1-DCA may be more efficient than
inoculation. However, combining both acetate and inocula produced better results than
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the single amendments (acetate or inocula). Similar findings on enhanced treatment of
chlorinated ethanes have been reported by Aulenta et al. (2006) and Scheutz et al. (2011).
Figure 3.33 shows the combined effect of biostimulation and bioaugmentation on
cis-1,2-DCE dechlorination. Re-spiking with cis-1,2-DCE was performed after the
complete degradation of both parent and daughter products. It was observed that cis-1,2DCE completely transformed to VC and finally to ethene and ethane which were desired
end products. This degradation pathway is similar to what have been reported by several
researchers (Kassenga and Pardue, 2006; Hirschorn et al., 2007; Mbuligwe, 2008;
Scheutz et al., 2010).
cis-1,2-DCE treatments during phase 1 show some similarities as well as
differences between the bioaugmentation-only treatment (see Figure 3.5) and the
combined bioaugmentation with biostimulation treatment (Figure 3.33). Simultaneous
biodegradation of cis-1,2-DCE and VC was observed in both treatments producing ethene
as the predominant end product. However, the treatment involving acetate amendment
produced ethane towards the end of phase 1. In phase 2 of the acetate amended
microcosms, ethane was observed throughout the monitoring period but the
bioaugmentation-only treatment still did not produce ethane.
The first-order biodegradation rate constants and half-life times for 1,1-DCA, cis1,2-DCE and VC in the overall bioaugmentation and biostimulation studies are
summarized in Table 3.7 below:
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Table 3.7: Summary of cis-1,2-DCE and 1,1-DCA biodegradation kinetics in
biostimulation and bioaugmentation microcosm studies

Treatment
Control
Inocula
Acetate
Acetate/Inocula
Control
Inocula
Acetate
Acetate/Inocula
Acetate
Acetate/Inocula

First-order rate constant (10-2 day-1)
1,1-DCA
c-1,2-DCE
VC
Phase 1
N/A
N/A
3.1 ± 0.5
13.6
±
3.5
14 ± 2.8
3.9 ± 0.5
N/A
N/A
5.5 ± 0.3
7.6 ± 0.9
27.4 ± 9.1
30 ± 7.4
Phase 2
N/A
N/A
14.4 ± 2.2
26.2 ± 9.9
29.7 ± 6.1
12.2 ± 3.7
N/A
N/A
7.3 ± 1.1
7.5 ± 0.9
38 ± 14.9
34.6 ± 10.5
Phase 3
N/A
N/A
12.9 ± 1.0
N/A
N/A
16 ± 2.4

Half-life (day)
1,1-DCA c-1,2-DCE

VC

22.1
17.6
12.7
9.2

N/A
5.1
N/A
2.5

N/A
4.7
N/A
2.3

4.8
5.9
9.6
9.2

N/A
2.6
N/A
1.8

N/A
2.3
N/A
2

5.3
4.3

N/A
N/A

N/A
N/A

The 1,1-DCA first-order degradation rate constants from phases 1,2, and 3 present
a number of interesting observations. In phase 1, the combination of acetate and inocula
produced the highest biodegradation rate constant (0.076 day-1) while the lowest rate
constant was observed in the active control treatment (0.031 day-1). However, a very
different situation was observed in phase 2 where the active control treatment had the
highest biodegradation rate constant followed by the bioaugmented treatment, and the
lowest rate constant was recorded in the acetate amended treatment. This may be due to
the fact that phase 2 for both the active control and the bioaugmented treatments occurred
much later than the acetate and acetate plus inocula treatments, hence, more microbial
population to mediate dechlorination. The ability of both acetate amended treatments to
rapidly biodegrade 1,1-DCA led to additional re-spiking of 1,1-DCA that resulted in
phase 3. In phase 3, the combination of acetate and inocula produced a higher
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biodegradation rate constant (0.16 day-1) compared to the treatment involving acetate
without inocula (0.129 day-1).
The cis-1,2-DCE studies showed higher biodegradation rate constants for both cis1,2-DCE and VC in the treatment involving a combination of bioaugmentation and
biostimulation compared to the bioaugmentation-only treatment. This was the case in
both phases 1 and 2 of the study. In phase 1 combined amendment treatment, the
biodegradation rate constant of VC (0.3 day-1) was higher than that of cis-1,2-DCE (0.274
day-1). However, the reverse was the case in phase 2 where cis-1,2-DCE (0.38 day-1) was
found to have a higher degradation rate constant than VC (0.346 day-1). Nonetheless, the
degradation rate constants of both cis-1,2-DCE and VC were similar in all treatments.
3.4.4 Methane production rate in cis-1,2-DCE and 1,1-DCA microcosms
Methane concentration was monitored in the microcosm studies to assess how the
various amendments affect its production and possible accumulation in a EWS treating
chlorinated solvents. The results of the methane production rates are summarized in
Table 3.8 below.
Table 3.8: Methane production rates in microcosm amendments
Treatment

Methane production rate
(μM/day)
R2 value

Live control
Bioaugmented
Acetate
Bioaugmented/Acetate

1,1-DCA
1.3 ± 0.1
1.7 ± 0.1
4.5 ± 0.4
5.2 ± 0.5

0.72
0.71
0.72
0.8

Bioaugmented
Bioaugmented/Acetate

cis-1,2-DCE
0.42 ± 0.1
1.66 ± 0.6

0.84
0.81
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The results above show a high methane production rate in all the treatments with
acetate amendment compared to the live control or bioaugmented treatments. For 1,1DCA, the methane production rate was lowest in the live control and highest in the
combined acetate and bioaugmented treatments. This observation suggests a possible
correlation between methane production and 1,1-DCA biodegradation due to the fact that
methane production rates corresponds to the biodegradation rates reported in the previous
section. cis-1,2-DCE exhibited a similar trend, although the methane production rates
were much lower than the rates for the corresponding 1,1-DCA treatments. Kassenga
(2003) reported a similar observation in a 1,2-DCA and cis-1,2-DCE dechlorination study
where a spike in methane concentration corresponded with 1,2-DCA degradation, after
cis-1,2-DCE had completely degraded. Uncontrolled methane production in EWS
treating chlorinated solvents can lead to the methane concentration exceeding its
solubility in water (22.7 mg/L at 20oC). This can ultimately lead to excessive bubble
formation and may eventually disrupt water flow in the EWS (Baird and Waldron, 2003;
Waddington et al., 2009).
3.4.5 qPCR analysis of microbial population
The results from the qPCR technique showed the presence of both Dehalobacter sp.
and Dehalococcoides sp. in both the cis-1,2-DCE and 1,1-DCA anaerobic microcosms.
The qPCR analysis was conducted at the end of the monitoring period using the samples
involving acetate plus inocula treatment. The findings are summarized in Table 3.6
below.
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Table 3.6: Microbial analysis of cis-1,2-DCE and 1,1-DCA anaerobic microcosms
Dechlorinating bacteria
Dehalobacter sp. (Dhb)
Dehalococcoides sp. (Dhc)
bvcA reductase
tceA reductase
vcrA reductase

cis-1,2-DCE
microcosm (cells/mL)
8.6 x 102
8.6 x 104
Dhc Functional genes
3.97 x 104
7.29 x 104
4.04 x 104

1,1-DCA microcosm
(cells/mL)
1.68 x 105
5.86 x 102
N/A
N/A
N/A

The number of Dhb and Dhc cells per mL of each sample suggests that both
bacteria are capable of reducing the parent compounds. However, the relatively higher
concentration of Dhc compared to Dhb in the cis-1,2-DCE microcosm implies that Dhc is
the main microorganism responsible for biodegradation. Similarly, the much higher
concentration of Dhb compared to Dhc in the 1,1-DCA microcosm indicates that Dhb is
the major dechlorinating bacteria in the system. These results are in agreement with
anaerobic biodegradation studies that show Dhc and Dhb to be generally responsible for
the reductive dechlorination of chlorinated ethenes and ethanes respectively (Azizian et
al., 2008; Vainberg et al., 2009; Lollar et al., 2010). Dhc functional genes were
determined to identify the genes responsible for the reductive dechlorination of both cis1,2-DCE and vinyl chloride. Further analysis of the Dhc results from the cis-1,2-DCE
microcosm confirmed the presence of bvcA gene which encodes the vinyl chloride
reductive enzyme responsible for the reductive dechlorination of vinyl chloride to ethene
by Dehalococcoides sp. str. BAV1 (Krajmalnik-Brown et al., 2004) and vcrA gene which
encodes the vinyl chloride enzyme responsible for reductive dechlorination of cis-1,2DCE and vinyl chloride to ethene by Dehalococcoides sp. str. VS (Muller et al., 2004). In
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addition, the tceA gene which encodes the enzyme responsible for the reductive
dechlorination of trichloroethene (TCE) to cis-1,2-DCE

was also present in the

microcosm.
Lu et al. (2006) proposed that a concentration of 10,000 cells/mL of Dhc could be
used as a screening criterion to identify sites where reductive dechlorination of
chlorinated ethenes would yield a suitable biodegradation rate. If Dhc concentration
lower than 10,000 cells/mL was obtained in the field, other site-specific data need to be
considered to determine what may be limiting reductive dechlorination. This may include
addition of carbon or electron donors to enhance anaerobic biodegradation.
3.5 Conclusion
Enhanced treatment of cis-1,2-DCE and 1,1-DCA in EWS media using
bioaugmentation and biostimulation was demonstrated in both microcosm and column
experiments. 1,1-DCA anaerobic culture generated from a previous biodegradation study
was used as inoculum in the 1,1-DCA bioaugmentation study while acetate was used as
an external carbon source for the microbial population.
In the microcosm studies, complete transformation of cis-1,2-DCE to nonchlorinated end products (ethene and ethane) was observed in the active treatments, while
1,1-DCA was only transformed to chloroethane. Acetate amendments with cis-1,2-DCE
showed improvements in the biodegradation kinetics of both the parent compound and
the more toxic VC produced as intermediate daughter product. The biodegradation rate
constants and time for complete removal of 1,1-DCA were more significantly enhanced
by the addition of a 3 mM acetate solution (0.055 and 0.076 day-1) compared to the
control and inoculation-only treatments (0.031 and 0.039 day-1). This implies that
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supplying an external carbon source may be more effective than inoculation in a system
with evidence of dechlorinating microbial population. However, higher methane
production rates were observed in the acetate amended treatments for both 1,1-DCA (4.5
μM – 5.2 μM compared to 1.3 μM – 1.7 μM) and cis-1,2-DCE (1.66 μM compared to
0.42 μM) which can lead to methane bubble formation and clogging in the EWS.
Prior to inoculating the columns, very small concentrations of cis-1,2-DCE and
1,1-DCA daughter products were observed close to the bottom 15 cm of the columns
even after several weeks of system monitoring. After inoculation, transformation of the
parent compounds to daughter products started occurring upstream of the treatment
column. Ultimately, complete biodegradation of cis-1,2-DCE to ethene was observed at
approximately 21 cm from the inlet while complete biodegradation of 1,1-DCA to
chloroethane was observed about 35 cm from the inlet.
Quantitative real-time PCR showed the presence of both Dehalococcoides sp. and
Dehalobacter sp. in all the microcosms. Dehalococcoides sp. (8.6 x 104 cells/mL) was
found to be more dominant than Dehalobacter sp. (8.6 x 102 cells/mL) in the cis-1,2DCE samples while Dehalobacter sp. (1.68 x 105 cells/mL) was more dominant than
Dehalococcoides sp. (5.86 x 102 cells/mL) in the 1,1-DCA samples. Dehalococcoides
functional genes such as tceA (7.29 x 104 cells/mL), bvcA (3.97 x 104 cells/mL), and
vcrA (4.04 x 104 cells/ml) reductases known to encode the enzymes responsible for TCE,
cis-1,2-DCE and vinyl chloride biodegradation were found to be present in the cis-1,2DCE microcosms.
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CHAPTER 4: EFFECT OF TEMPERATURE ON TREATMENT OF
CHLORINATED ETHANES AND ETHENES IN ENGINEERED WETLAND
SYSTEMS
4.1 Introduction
Bioremediation of chlorinated solvents depends on the existing environmental
conditions that affect the fate of the compounds in the contaminated media. Groundwater
temperature is one of the most critical environmental factors affecting the viability of
microbial processes involved in the bioremediation of chlorinated organic solvents
(Lookman et al., 2005; Tas and Pavlostathis, 2007). In terms of temperature soil
microorganisms are divided into psychrophiles, mesophiles and thermophiles. For
optimum growth, the psychrophiles require temperatures below 20oC; the mesophiles
require a temperature range between 20oC and 44oC; while the thermophiles will thrive at
temperatures above 45oC (Goldstein, 2007). Most hydrocarbon biodegraders are
mesophiles and microbial enzymes become denatured and inactive at temperatures much
higher than the optimum value. However, a decrease in temperature tends to only slow
the biodegradation process but does not alter the enzyme function (Yadav et al., 2012).
The use of vertical flow engineered wetland system (EWS) as a bioremediation
technique has been demonstrated in field and laboratory studies (Kassenga et al., 2003;
Amon et al., 2007; Mbuligwe, 2008; Imfed et al., 2008; Braeckevelt et al., 2011).
Universal implementation of EWS for bioremediation of chlorinated organic solvents
contaminated sites depends on the ability to sustain biodegradation in both warm and
cold climates. System temperature is important because it affects microbial
dechlorination rate, microbial acclimation period, growth of wetland vegetation, and can
lead to selection of certain dechlorinating organisms (Mohn and Tiedje, 1992; Zhuang
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and Pavlostathis, 1995, Friis et al., 2007). Optimum biodegradation rates have been
reported to occur at approximately 25oC (Sun et al., 2002; Tas and Pavlostathis, 2007).
The successful application of treatment wetlands in places with temperate climate
has been reported in a few studies. Braekevelt et al. (2011) investigated the
biodegradation of monochlorobenzene (MCB) and perchloroethene (PCE) in a treatment
wetland system in Bitterfeld, Germany (approximately 51.97oN). Chen et al. (2012)
reported the treatment of benzene and methyl tert-butyl ether in a constructed wetland
system in Saxony-Anhalt, Germany on the same latitude 51.97oN. In a majority of the
treatment systems, a horizontal subsurface design approach was utilized. Horizontal flow
wetlands generally require more land area and have a more complex hydraulics
(Luederitz et al., 2001). Vertical flow wetland systems do not have the above
shortcomings and have proved capable of treating groundwater contaminated with
chlorinated volatile organic compounds (Kasenga et al., 2003; Mbuligwe, 2008). This
approach has been selected for treating chlorinated solvents at a Superfund site in
Massachusetts, U.S.A. The contaminated site is located on latitude 41.61oN with the
consequent low groundwater temperature for most of the year.
The objective of this study was to evaluate the effect of soil and groundwater
temperature on the treatment of 1,1-dichloroethane (1,1-DCA) and cis-1,2-dichloroethene
(cis-1,2-DCE) using EWS operated in temperate regions. These two compounds are
among the contaminants of concern at the ReSolve Superfund Site in Massachusetts used
here as a case study. The justification for this work was to determine the feasibility of
vertical flow EWS application in temperate climates.

76

4.2 Materials and Methods
4.2.1 Chemicals
Neat 1,1-DCA and cis-1,2-DCE from Supelco (Bellefonte, PA) were used as the
test chemical for this study. Supelco also supplied analytical standards and surrogate for
the VOCs as well as ethene, ethane and methane standards. Reagent grade formaldehyde
was purchased from Mallinckrodt Chemicals (St. Louis, MO).
4.2.2 Treatment description
Laboratory anaerobic microcosms were prepared using soil media from a pilot-scale
study at the ReSolve Superfund Site. The soil mixture comprised approximately 60%
peat and 40% sand by volume. The thermal conductivity of the soil was determined to
assess the heat exchange capacity of the wetland treatment. The treatments were designed
for single parent compound treatments with no amendments.
4.2.3 Thermal conductivity of wetland soil
Thermal conductivity testing of the wetland soil was conducted to assess the heat
transfer process in the bed material. The steady-state test method for determination of
thermal conductivity of soil was used in this study. The apparatus consisted of an
aluminum vessel, fiberglasTM thermal insulation, T-type thermocouples, and a heater plate
as described by Murillo (2007) (Figure 4.1). A temperature gradient across the soil
sample was generated by applying heat to the bottom of the vessel and allowing it to
travel vertically through the soil column. Temperature measurements were taken after the
system reached steady state. The setup was calibrated using Ottawa sand (C-190) from
Fisher Scientific which has been reported as a standard soil for reference granular
materials (Tarnawski et al., 2009).
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Figure 4.1: Schematic diagram for soil thermal conductivity tests.
The thermal conductivity of the soil sample was calculated using the Fourier
equation below (Farouki, 1986);

Ks 

Q  x 
 ……………………………………………………… (4.1)

A  T  s

Where Ks is the soil thermal conductivity (W/m.K), Q is the time rate of heat flow (W/h),
A is the test area of the soil (m2), Δx is the depth of the soil receiving heat flow (m) and
ΔT is the temperature change (K).
The ratio Q/A was determined from the thermal conductivity test of the calibration
material described by a similar equation shown below

Kc 

Q  x 
 ……………...………………………………………… (4.2)

A  T  c

where Kc is the thermal conductivity of the calibration material (W/m.K). The heat source
and cross-sectional area of the samples were identical in both experiments; therefore,
equations 4.1 and 4.2 can be rearranged to give the equation below
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K s  K c  T  s

 x 


 T  c

……...…………………………………………… (4.3)

4.2.4 Microcosms setup
Construction of anaerobic microcosms was done in a nitrogen atmosphere in a
glove chamber (Coy Laboratory Products, Grass Lake, MI). Glass serum bottles (160
mL) were filled with 50 g of soil and 110 mL of deionized (DI) water which resulted to a
total volume of 135 mL. The headspaces were filled with 25 mL of nitrogen gas. The
treatments were constructed as follows:
Treatment I: Soil and water media incubated at 10oC and then spiked with 1,1-DCA
solution
Treatment II: Soil and water media incubated at 15oC and spiked with 1,1-DCA solution
Treatment III: Soil and water media incubated at 25oC and spiked with 1,1-DCA solution
Treatment IV: Soil and water media incubated at 10oC and spiked with cis-1,2-DCE
solution
Treatment V: Soil and water media incubated at 15oC and spiked with cis-1,2-DCE
solution
Treatment VI: Soil and water media incubated at 25oC and spiked with cis-1,2-DCE
solution
Each treatment above had a corresponding abiotic control prepared by displacing 4
mL of DI water by an equivalent amount of formaldehyde solution as biocide. All the
treatments were prepared in triplicates leading to a total of 36 bottles. After loading all
the contents, each bottle was capped with Teflon-lined rubber septa and an aluminum seal
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was used to secure the cap. Samples were monitored for parent compounds (1,1-DCA
and cis-1,2-DCE) as well as daughter products (chloroethane, vinyl chloride, ethene and
ethane).
4.2.5 Aqueous and gas phase sample analysis
Aqueous phase samples were diluted in 40 mL of DI water and analyzed using a
gas chromatograph/mass spectrometer (GC/MS) (Agilent Technologies 6890N Network
GC System equipped with DB-VRX 30 m x 0.25 mm x 1.4 μm column, and Agilent
Technologies 5973 Network Mass Selective Detector) coupled to an AquaTek 70
Autosampler® (Teledyne Tekmar) and Velocity XPT® purge and trap sample
concentrator (Teledyne Tekmar) to detect parent and daughter compounds using EPA
Method 8260B. The column was initially held at 40oC for 2 mins and then ramped at
13oC/min to 190oC. It was then held at 190oC for 3.46 mins.
Methane, ethane and ethene gases were analyzed using a GC/FID. Headspace
samples (1 mL) were injected onto a gas chromatograph with flame ionization detector
(Agilent 6850) equipped with a 2 m HayesSep D packed column. The column was held at
80oC isothermally for 3.25 min. The carrier gas was ultra-high purity nitrogen at a flow
rate of 15 mL/min. Analytical standards and surrogates for the chlorinated VOCs as well
as methane, ethane, and ethene calibration gases were obtained as mixtures from Supelco
Analytical.
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4.3 Kinetic Data Modeling and Statistical Analysis
The data obtained from analytical procedures were statistically analyzed and the
first-order biodegradation rate constants for the parent compounds were calculated from
the equation below:
C  C0 e  kt …………………………………………………….……..…… (4.4)

where C is the concentration (mol/L) of the parent compound at any given time t (day),
C0 is the initial concentration (mol/L) of the parent compound, and k is the degradation
rate constant (day-1) of the parent compound. The dechlorination rate of vinyl chloride
(VC) was partly dependent on the degradation of cis-1,2-DCE in the system. Therefore,
its dechlorination rate constant was determined using the following equation:
d V 
 kC 0 e  kt  k vc V  …………….…………….……………………….. (4.5)
dt

Where V is the concentration of vinyl chloride (mol/L), k vc is the biodegradation reaction
rate constant of vinyl chloride (day-1). Rearranging equation 4.5 yields

V  





kC0
e  kt  e kvct …………….………………………………………. (4.6)
k vc  k

Equation 4.6 was solved by curve fitting and regression analysis to determine kvc using
SigmaPlot (SPSS Inc., Chicago, IL). Statistical analysis of the dechlorination data was
performed using both Analysis of Variance (ANOVA) and t-tests at a significant level of
5% to compare the differences in first-order rate constants between the incubation
temperature treatments.
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The effect of groundwater temperature on the dechlorination rate constants was
determined using an Arrhenius relationship for enzyme catalyzed reaction (Bailey and
Ollis, 1986) summarized below:
k  Ae  E a / RT ……………………………………………….……………… (4.7)

Where k is the rate constant of the compound of interest; T is the absolute temperature
(K); Ea is activation energy (kcal/mol); R is the universal gas constant (1.986E-03
kcal/mol-K); and A is a pre-exponential factor.
4.4 Results and Discussion
4.4.1 Biodegradation pathways of cis-1,2-DCE and 1,1-DCA under different
incubation temperatures
Dechlorination profiles of cis-1,2-DCE and 1,1-DCA in anaerobic microcosms
incubated at 10oC, 15oC and 25oC are presented in Figures 4.2 through 4.7. Each data
point represents the mean of three replicates. Each plot is a combination of the active
control treatment and the corresponding abiotic (killed) control treatment conducted to
investigate the possibility of non-microbial removal processes.
The cis-1,2-DCE dechlorination profiles presented in Figures 4.2 through 4.4
showed similar dechlorination pathways. In all the active treatments, complete removal
of cis-1,2-DCE was observed. The removal of cis-1,2-DCE in the microcosms was
accompanied by the formation of vinyl chloride, ethene and ethane as daughter products.
This dechlorination pathway has been reported in similar studies (Kassenga and Pardue,
2006; Hirschorn et al., 2007).
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Figure 4.2: Dechlorination profile of cis-1,2-DCE in live and killed anaerobic
microcosms incubated at 25oC
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Figure 4.3: Dechlorination profile of cis-1,2-DCE in live and killed anaerobic
microcosms incubated at 15oC. Note the change in scales from the previous plot.
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Figure 4.4: Dechlorination profile of cis-1,2-DCE in live and killed anaerobic
microcosms incubated at 10oC. Note the change in scale from the previous plots.
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Figure 4.5: Dechlorination profile of 1,1-DCA in live and killed anaerobic microcosms
incubated at 25oC.
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Figure 4.6: Dechlorination profile of 1,1-DCA in live and killed anaerobic microcosms
incubated at 15oC. Note the change in scale from previous plot.
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Figure 4.7: Dechlorination profile of 1,1-DCA in live and killed anaerobic microcosms
incubated at 10oC. Note the change in scale from previous plots.
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The percent recoveries in the active treatments were 89.4%, 84.7% and 80.5% in
the 10oC, 15oC and 25oC microcosms respectively. In the abiotic control treatments, the
percent recovery of cis-1,2-DCE in the 10oC, 15oC and 25oC were 92.2%, 94.1% and
96.5% respectively. Since no daughter products were observed, the losses in mass
balance of cis-1,2-DCE were likely due to sorption and the experimental errors from
sampling. These results demonstrate that biodegradation was the predominant treatment
process in the microcosms.
Figure 4.2 describes the biodegradation of cis-1,2-DCE in anaerobic microcosms
incubated at 25oC. The steady removal of cis-1,2-DCE was accompanied by an quick
production of vinyl chloride as a result of the displacement of one of its chlorine atoms.
The concentration of vinyl chloride increased until approximately 9 days after
experimental setup and then decreased until complete removal. A similar trend was
observed in the 15oC and 10oC microcosms shown in Figures 4.3 and 4.4 respectively.
However, there were differences between the treatments regarding the onset of daughter
products. This lag time-period increased with decreasing temperature treatments
suggesting that temperature affects overall microbial activity during biodegradation. The
production of ethene in all temperature treatments during dechlorination of cis-1,2-DCE
suggests simultaneous dechlorination of vinyl chloride. This result is in agreement with
studies by Cupples et al. (2004) who suggested a minimum substrate concentration below
which the microorganisms responsible for cis-1,2-DCE and VCE dechlorination may
undergo net decay. Ethene has been very widely reported as the terminal dechlorination
product in chlorinated ethene remediation projects (Azizian et al., 2008; MendozaSanchez and Cunningham, 2012; Chambon et al., 2013) as was mostly the case in this
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study. However, ethane production was observed in the second half of the monitoring
period of the 25oC suggesting the possibility of ethane production from ethene
degradation. A similar observation reported by Mbuligwe (2008) showed ethene and
ethane mixture as the desired terminal dechlorination products of TCE biodegradation.
The 1,1-DCA treatment profiles summarized in Figures 4.5 – 4.7 show its complete
removal and the accumulation of chloroethane in all the active treatments. This pathway
was been observed in previous studies (Chapters 2 and 3 of this dissertation) and widely
reported in the literature (Lollar et al., 2010; Scheutz et al., 2011). 1,1-DCA mass
balances were determined for both live and abiotic control treatments to determine the
possibility of other transformation processes besides reductive dechlorination. For the
25oC, 15oC and 10oC active control treatments, 1,1-DCA percent recoveries were 96.9%,
79.4% and 86.8% respectively. In the abiotic control microcosms, the recovery rates were
86.3%, 89.1% and 88.3% at incubation temperatures of 25oC, 15oC and 10oC
respectively. The differences in mass balance between the active treatments did not
appear to be as a result of incubation temperature but could be as a result of analytical
errors. Daughter products were not detected in the abiotic treatments thereby confirming
biodegradation as the predominant transformation process in the 1,1-DCA microcosms.
There were significant lag times observed in the 15oC and 10oC treatments
compared to the 25oC. This indicates that lower temperature adversely affected the
acclimation of the microorganisms and hence, the transformation of 1,1-DCA to
chloroethane was delayed. However, after the onset of biodegradation in the 15oC and
10oC, the concentration profiles of both 1,1-DCA and chloroethane appear to be very
similar to the 25oC treatment profile as was illustrated in Figures 4.5 – 4.7.
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4.4.2 cis-1,2-DCE and 1,1-DCA Biodegradation kinetics
First-order dechlorination rate constants for cis-1,2-DCE, vinyl chloride, and 1,1DCA are summarized in Table 4.1.
Table 4.1: Summary of first-order dechlorination rate constants and half-life times of
cVOCs under different incubation temperatures.

Temperature (oC)
25

15

10

Compound
cis-1,2-DCE
Vinyl chloride
1,1-DCA
cis-1,2-DCE
Vinyl chloride
1,1-DCA
cis-1,2-DCE
Vinyl chloride
1,1-DCA

Dechlorination
rate constant
(10-2 day-1)
13.3 ± 1.5
14 ± 2.8
3.7 ± 0.5
5.9 ± 0.9
6.4 + 1.1
2.3 ± 0.4
4.0 ± 0.7
4.2 ± 0.8
1.7 ± 0.2

R2 value
0.9
0.81
0.78
0.86
0.66
0.76
0.8
0.61
0.77

Half-life (day)
5.1
5
18.7
11.6
10.8
30.1
17.3
16.5
40.8

The differences in dechlorination rate constants reported in Table 4.1 suggest that
temperature plays an important role in treatment wetland systems. Similar first-order
biodegradation rate constants were observed for cis-1,2-DCE and vinyl chloride
(daughter product) in all the temperature treatments. In agreement with previous studies,
the first-order rate constants of both cis-1,2-DCE and vinyl chloride were higher than
those of 1,1-DCA in all the treatments.
Statistical analysis show significant differences between the 25oC and 15oC firstorder dechlorination rate constants as well as between the 25oC and 10oC dechlorination
rate constants for all three compounds tested (t-test; p < 0.05). However, the rate
constants between the 15oC and 10oC were not significantly different (t-test; p > 0.05).
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4.4.3 Temperature effect on biodegradation
Figure 4.8 illustrates the effect of system temperature on the first-order
biodegradation rate constants of cis-1,2-DCE, vinyl chloride and 1,1-DCA from
experimental studies and simulation models using the Arrhenius relationship defined
previously (equation 4.7). Model simulation from experimental data and the Arrhenius
equation were limited to the temperature range under investigation.
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Figure 4.8: Simulated Biodegradation rate constants of cis-1,2-DCE, vinyl chloride and
1,1-DCA as a function of temperature.
The results show a reduced temperature effect on dechlorination of 1,1-DCA
compared to both cis-1,2-DCE and vinyl chloride. Previous studies (Chapter 3 of this
dissertation) have shown that 1,1-DCA is more recalcitrant to biodegradation compared
to cis-1,2-DCE and vinyl chloride at ambient conditions. This could explain the low
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sensitivity of 1,1-DCA dechlorination to temperature changes in a treatment system. At
reduced temperatures, the biodegradation rate constants of cis-1,2-DCE and vinyl
chloride appear to be indistinguishable as seen in Figure 4.8. However, with increasing
system temperature, a distinction can be made between their degradation rate constants;
with vinyl chloride having a slightly higher value than cis-1,2-DCE. The system
temperature range for effective biodegradation of chlorinated solvents has been reported
to be within the range selected for this study. Tas and Pavlostathis (2007) reported an
increase in dechlorination rate constant of pentachloronitrobenzene at an incubation
temperature range of 4oC - 29oC and decreasing rate constants from 35oC. Beyond this
temperature range, microbial deactivation will occur, making treatment of the
contaminants impossible.
Equations 4.8 – 4.10 are proposed temperature models for predicting the
dechlorination rate constants based on the Arrhenius relationship and assuming a
moderate temperature range that allows for microbial degradation of the contaminants
being investigated using a similar treatment system.
For cis-1,2-DCE,
k  1.6  10 9 exp( 6918.1 ) ……………………………………………………... (4.8)
T
(R2 = 0.9991)
For vinyl chloride,
k  1  10 9 exp( 6762.3 ) ……………………………………………………….. (4.9)
T
(R2 = 1)
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For 1,1-DCA,
k  0.77  10 5 exp( 4334.1 ) ………………………………………………...... (4.10)
T
(R2 = 0.9976)
where T is the temperature of the system in degree Kelvin and k is the first-order
biodegradation rate constant (1/day).
4.4.4 Thermal conductivity of treatment wetland soil
Results from thermal conductivity tests of the wetland soil using both oven-dry and
saturated samples are summarized in Table 4.1 below:
Table 4.2: Thermal conductivity measurements of wetland soil bed
Wetland soil bed

Thermal conductivity, W/m.K

Oven-dried sample

0.27 + 0.01

Saturated sample

0.38 + 0.01

The higher thermal conductivity value observed in the saturated soil sample
compared to the oven-dried sample shows than moisture content in soils increases
thermal conductivity. At low moisture contents such as the oven-dried sample, the void
spaces between the soil reduces the rate of heat transfer between the soil particles
resulting in lower thermal conductivity compared to a saturated soil sample (Yun and
Santamarina, 2008; Perpar et al., 2012). For the purpose of vertical flow engineered
wetlands, the thermal conductivity of the saturated sample is of more interest since the
system receives a continuous stream of contaminated groundwater. The lower thermal
conductivity of the wetland soil compared to water (0.6 W/m.K) implies that the soil will
not readily lose heat during winter months. This insures a higher system temperature
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during those periods which leads to increased microbial activity. During the summer, the
reverse heat transfer process will occur. However, this may not be of much concern as the
summer temperature is usually warm enough for adequate microbial activity.
The wetland soil mixture used in this study contained approximately 60% peat and
40% sand by volume which provides an avenue for optimizing the thermal properties.
The thermal conductivity of soils generally tends to decrease with increasing organic
matter content. Chen et al. (2012) reported experimental studies that showed increased
soil organic carbon lead to decreased thermal conductivity in a given soil layer. Ekwue et
al. (2006) observed that the peat concentration in a soil mixture had a reduced effect at
low soil moisture content. The thermal conductivity of soils also depends on bulk density
(Ekwue et al., 2006; Evett et al., 2012).
4.5 Conclusion
The biodegradation kinetics presented in this study shows that temperature is an
important factor in the treatment of chlorinated ethenes and ethanes contaminated
groundwater using engineered wetland systems. Temperature treatments between 10oC –
25oC, typical of groundwater in contaminated sites were selected for investigation.
Complete biodegradation of cis-1,2-DCE and 1,1-DCA occurred in all temperature
treatments. The first order dechlorination rate constants of cis-1,2-DCE (0.04 day-1 0.133 day-1) and vinyl chloride (0.042 day-1 – 0.14 day-1) were found to be more sensitive
to incubation temperature than that of 1,1-DCA (0.017 day-1 – 0.037 day-1). The rate
constants for all compounds increased with increase in temperature. Temperature
correction factors for biodegradation rate constants based on the Arrhenius relationship
were determined for cis-1,2-DCE, vinyl chloride and 1,1-DCA.
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The thermal conductivity of the engineered wetland soil was affected by moisture
content. However, the difference in thermal conductivities between saturated (0.38
W/m.K) and oven-dried (0.27 W/m.K) samples was not as significant as expected.
Thermal conductivity of the bed material impacts its heat transfer capacity which is
important in cold temperature regions where the bed may be required to retain sufficient
heat for microbial activity.
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CHAPTER 5: ASSESSMENT OF SOIL AND GROUNDWATER pH ON cis-1,2DICHLOROETHENE AND 1,1-DICHLOROETHANE BIODEGRADATION
5.1 Introduction
Engineered wetland systems (EWS) treatment techniques applied in the
bioremediation of chlorinated ethane and ethene contaminated groundwater are designed
to mimic natural wetland systems with high organic matter and a thriving microbial
population resulting in efficient contaminant destruction (Amon et al., 2007; Braeckevelt
et al., 2007; Mbuligwe, 2008; Imfeld et al., 2009; Braeckevelt et al., 2011). Microbial
reductive dechlorination of these compounds has been established as a cost effective
treatment technique because of the time it takes to achieve clean up goals and the
minimum use of materials and equipment (Hendrickson et al., 2002; Aulenta et al., 2006;
Scheutz et al., 2011). These systems employ soil mixtures comprising sand and peat in
treatment beds that provide substrates and habitat for dechlorinating microorganisms. As
a result of the natural characteristics of vertical flow EWS, environmental factors such as
pH, temperature and nutrients play a crucial role in maintaining a healthy microbial
population and consequently, treatment effectiveness and efficiency (Lookman et al.,
2005).
Soil pH is an important environmental factor that can adversely affect the
performance of an engineered wetland system (EWS). Generally, microorganisms thrive
when the pH is close to neutral (pH=7) and can have reduced growth rates under
pronounced acidic or alkaline conditions (Tas and Pavlostathis, 2007; McCarty et al.,
2007; Burda, 2009). pH can also affect the sorption processes in the wetland media by
affecting the functional groups on the soil surface (Lizama et al., 2011).
94

A common type of peat used in wetland bed construction is the Sphagnum peat, a
natural organic soil conditioner that is stable and resistant to biodegradation because of
its highly humified organic matter. Freshly harvested peat used in the construction of a
vertical flow EWS is usually acidic because of its tendency to give up cations such as
calcium and magnesium and take up hydrogen ions from the soil solution. On the other
hand, groundwater pH is controlled by the dissolved carbonate dynamics in the
subsurface and is of significance when considering in-situ bioremediation. Additional
acidity is generated from stepwise reductive dechlorination through the release of
chloride ion which forms hydrochloric acid (HCl) and from the organic acids which are
the byproduct of electron donor fermentation (McCarty et al., 2007; Robinson et al.,
2009; Kouznetsova et al. 2010). Acidic conditions limit biodegradation due to the
inactivation of anaerobic dechlorinating bacteria at low pH. Generally, soils have a
natural buffering capacity that depends on the concentration of carbonates and silicates
present; however, proper pH control strategies involve the addition of an alkalinity source
such as sodium or potassium bicarbonate and the use of water injections to dilute the
substrate and acidity (Robinson et al., 2009; Kouznetsova et al., 2010; Lacroix et al.,
2012).
These pH buffering procedures are being implemented at the ReSolve Superfund
Site in North Dartmouth, MA where a vertical flow EWS is being constructed to treat
chlorinated ethanes and ethenes. The objective of this study is to investigate the effect of
additional increase from the current soil pH (pH≈6.1) to a pH of near neutral (pH=7) in
the biodegradation of cis-1,2-dichloroethene (cis-1,2-DCE) and 1,1-dichloroethane (1,1DCA) which are two of the most common chlorinated solvents at the site.
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5.2 Materials and Methods
5.2.1 Treatment description
The treatments were conducted in laboratory microcosms using soil media from the
EWS being operated at the ReSolve Superfund Site in North Dartmouth, MA comprising
60% commercially available peat (Worcester Peat Company, Cherryfield, ME) and 40%
sand. After implementing soil pH treatments at the site, a steady pH of approximately 6
was observed. For this study, cis-1,2-DCE and 1,1-DCA biodegradation were
independently investigated to determine the effect of having a pH of near neutral would
have on the biodegradation kinetics. The soil pH amendments involved addition of 1N
sodium hydroxide (NaOH) solution and a buffer solution of 0.1 M dipotassium hydrogen
phosphate and potassium phosphate (K2HPO4 and KH2PO4 respectively). The pH values
for this study were 6.2, 6.7 and 7.1 for cis-1,2-DCE; 6.1, 6.6 and 7.2 for 1,1-DCA. Neat
cis-1,2-DCE and 1,1-DCA from Supelco (Bellefonte, PA) were used as test chemicals in
this study.
5.2.2 Microcosms setup and monitoring
The microcosms were conducted using 160 mL glass serum bottles in an anaerobic
chamber (Coy Laboratory Products, Grass Lake, MI). The soil was blended in a glass jar
and the pH amendments performed by adding drops of NaOH and K2HPO4/KH2PO4. The
serum bottles were each filled with 50 g of blended soil and 92 mL of deionized (DI)
water resulting in a total aqueous volume of 135 mL and a headspace of 25 mL which
was later filled with nitrogen gas. The bottles were then capped with Teflon-line rubber
septa and aluminum crimp clamps to insure anaerobic conditions. Eight treatments were
prepared in triplicates as follows:
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Treatment I: Soil mixture (pH=6.1) spiked with 1,1-DCA solution
Treatment II: Soil mixture (pH=6.6) spiked with 1,1-DCA solution
Treatment III: Soil mixture (pH=7.2) spiked with 1,1-DCA solution
Treatment IV: Soil mixture (pH=6.1) spiked with 1,1-DCA solution and 4 mL
formaldehyde solution (killed control)
Treatment V: Soil mixture (pH=6.2) spiked with cis-1,2-DCE solution
Treatment VI: Soil mixture (pH=6.7) spiked with cis-1,2-DCE solution
Treatment VII: Soil mixture (pH=7.1) spiked with cis-1,2-DCE solution
Treatment VIII: Soil mixture (pH=6.2) spiked with cis-1,2-DCE and 4 mL formaldehyde
solution (killed control)
The microcosms were incubated in the dark at a constant temperature of 25oC.
5.2.3 Aqueous and gas phase sample analysis
Aqueous phase samples were diluted in 40 mL of DI water and analyzed using a
gas chromatograph/mass spectrometer (GC/MS) (Agilent Technologies 6890N Network
GC System equipped with DB-VRX 30 m x 0.25 mm x 1.4 μm column, and Agilent
Technologies 5973 Network Mass Selective Detector) coupled to an AquaTek 70
Autosampler® (Teledyne Tekmar) and Velocity XPT® purge and trap sample
concentrator (Teledyne Tekmar) to detect parent and daughter compounds using EPA
Method 8260B. The column was initially held at 40oC for 2 mins and then ramped at
13oC/min to 190oC. It was then held at 190oC for 3.46 mins.
Methane, ethane and ethene gases were analyzed using a GC/FID. Headspace
samples (1 mL) were injected onto a gas chromatograph with flame ionization detector
(Agilent 6850) equipped with a 2 m HayesSep D packed column. The column was held at
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80oC isothermally for 3.25 min. The carrier gas was ultra-high purity nitrogen at a flow
rate of 15 mL/min. Analytical standards and surrogates for the chlorinated VOCs as well
as methane, ethane, and ethene calibration gases were obtained as mixtures from Supelco
Analytical.
5.2.4 Quantification of microbial population
At the end of the experimental study, culture samples were taken from the pH 6.1
treatments (initial pH) and sent to Microbial Insights Inc. (Rockford, TN) for microbial
analysis. Identification and enumeration of the microorganisms responsible for
biodegradation of both cis-1,2-DCE and 1,1-DCA were conducted using quantitative
real-time polymerase chain reaction (qPCR). A detailed procedure of this analysis was
outlined in Chapter 3 of this dissertation.
5.3 Biodegradation Data Modeling
The cis-1,2-DCE and 1,1-DCA biodegradation rate constants were determined by
regression analysis of experimental data and assuming first order kinetic rate equation
C  C 0 e  kt ……………………………….…………………………….. (5.1)

Where C is the concentration (mol/L) of the chemical of interest at a given time t
(day), C0 is the initial concentration (mol/L), and k is the first-order reaction rate
constant (day-1). The complete dechlorination of cis-1,2-DCE to ethene and ethane
produced vinyl chloride (VC) as an intermediate product, a potentially more toxic
compound than cis-1,2-DCE. Consequently, the biodegradation rate of VC was also
dependent on the reaction rate constant of cis-1,2-DCE as shown below:
d V 
 kC 0 e  kt  k vc V  …………………………………...……………….. (5.2)
dt
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where [V] is the concentration of vinyl chloride (mol/L), k vc is the measured reaction rate
constant of vinyl chloride (day-1). The solution to equation 5.2 is shown below:

V  





kC0
e  kt  e kvct ……….…………….………………………..… (5.3)
k vc  k

Equation 5.3 was solved by curve fitting and regression analysis to determine kvc using
SigmaPlot (SPSS Inc., Chicago, IL). Statistical analysis of the biodegradation data for the
different pH amendments was done using both analysis of variance (ANOVA) and t-test
to determine if there were significant differences between the treatments.
5.4 Results and Discussion
5.4.1 Fate of 1,1-DCA in microcosms
Figures 5.1 through 5.4 show the concentration profiles of 1,1-DCA and
chloroethane in the treatment bottles. Each data point is an average of replicate samples.
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Figure 5.1: Anaerobic biodegradation profile of 1,1-DCA in treatment wetland soil
microcosms @ pH=6.1
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Figure 5.2: Anaerobic biodegradation profile of 1,1-DCA in treatment wetland soil
microcosms @ pH=6.6
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Figure 5.3: Anaerobic biodegradation profile of 1,1-DCA in treatment wetland soil
microcosms @ pH=7.2
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Figure 5.4: Killed control treatment of 1,1-DCA in treatment wetland soil microcosms
In all active treatments, complete biodegradation of 1,1-DCA to CA was achieved
within 60 days of incubation. pH measurements at the end of the experiment did not show
changes from the initial values. This confirms the buffering capacity of both K2HPO4 and
KH2PO4. The similarity in biodegradation profiles for the pH values being investigated
implies that the pH differences did not affect the dechlorination pathway as 1,1-DCA was
transformed only to CA. The killed control treatment presented in Figure 5.4 was
conducted at pH=6.1 and was typical of all abiotic controls. The killed control treatments
did not show any 1,1-DCA transformation product, strongly suggesting that removal of
1,1-DCA in the live treatments were due to biological activity.

101

Table 5.1 shows the mass balance of 1,1-DCA in all the active treatments. The
percent recovery in the microcosm treatments with pH=6.1, 6.6, 7.2, and killed control
illustrated in Figures 5.1 – 5.4 were 90%, 97.2%, 90.2%, and 93.2% respectively.
Incomplete mass balance of 1,1-DCA could be attributed to both sampling and analysis
errors during the study
Table 5.1: Summary of 1,1-DCA pH treatment mass balance
Treatment
pH
6.1
6.6
7.2

Initial conc. (10-6 moles)
1,1-DCA
3.53
3.24
3.57

Final conc. (10-6 moles)
1,1-DCA
CA
Total
0
3.18
3.18
0
3.15
3.15
0
3.22
3.22

5.4.2 Biodegradation kinetics of 1,1-DCA in microcosms
The effect of pH on 1,1-DCA removal kinetic rate constant based on regression
analysis are summarized in Table 5.2. CA was the only dechlorination product observed
in all the microcosms as was reported in the previous section. The dechlorination
pathway observed is similar to 1,1-DCA anaerobic biodegradation reported in literature
(Sun et al., 2002; Hoekstra et al., 2005; Borden 2007; Lollar et al., 2010; Scheutz et al.,
2011).
Table 5.2: Rate constants of 1,1-DCA biodegradation in soil media with different pH
First order rate
Time for 100 %
pH
constant (10-2 d-1) Half-life (d)
Lag period (d)
removal (d)
6.1
18.7
14
60
3.7 ± 0.7
6.6
16.1
6
48
4.3 ± 0.8
7.2
13.1
6
48
5.3 ± 1.1
The 1,1-DCA biodegradation rate constants increased with increasing pH.
However, it took the same amount of time for complete 1,1-DCA removal in the pH=6.6
and pH=7.2 treatments. Complete removal of 1,1-DCA in the microcosms at pH=6.6 and
102

7.2 was achieved after 48 days even though the biodegradation rate constant was higher
at pH=7.2; while the pH=6.1 microcosm took an additional 12 days for complete 1,1DCA transformation. Also, the lag period before the daughter product was detected in the
microcosms were the same for pH=6.6 and 7.2 (6 days) but was longer for the pH=6.1
microcosms. However, a statistical analysis of the data based on ANOVA showed that
the pH range of the media did not significantly affect the biodegradation rate constants (p
> 0.05). Overall, these results confirm the biodegradability of 1,1-DCA at a near neutral
pH when compared to a study conducted by Burda (2009) in which total inhibition of 1,1DCA was observed at pH values between 3 and 4.
5.4.3 Methane concentration in 1,1-DCA microcosms
Table 5.3 summarizes the methane concentration in the pH treatments. Methane
concentrations in the microcosms were monitored in order to assess the relationship
between methane production rates and system pH. Excessive methane production can
negatively impact the hydrodynamics of a treatment wetland system leading to poor flow
regime.
Table 5.3: Aqueous methane concentration in 1,1-DCA microcosms
pH
6.1
6.6
7.2

Methane Production rate (μM/day)
0.13 (R2 = 0.98)
0.15 (R2 = 0.97)
0.13 (R2 = 0.97)

Total Methane
Concentration (μM)
7.77 ± 3.8
7.51 ± 2.1
6.80 ± 0.91

The data shows a very similar methane production rate in all the treatments,
however, the total methane production between the pH=6.1 and 6.6 treatments were
slightly higher than the pH=7.2 treatment. The correlation between methane data and
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degradation rate constants did not seem to follow a conclusive pattern. While the
production rate was highest in the pH=6.6 samples, the pH=7.2 samples had the highest
degradation rate constant. The total methane concentration was found to be higher in the
pH=6.1 samples compared to other treatments. This result is similar to Poulsen et al.
(2012) who reported optimum methanogenic activity at pH=6.0 to 6.5 and a slight drop at
pH=7 but different than what was reported by Tas and Pavlostathis (1995). While this
may seem to suggest that methanogenesis is favored by lower soil pH, the pH range
include in this study is not sufficient to state that with a level of certainty. Also, statistical
analysis using ANOVA indicate that the methane concentration values between the
treatments are not significantly different. Methanogenesis has been reported to be favored
by a near neutral pH (Rittmann and McCarty, 2001).
5.4.4 Fate of cis-1,2-DCE in microcosms
Biodegradation profiles of cis-1,2-DCE in the microcosms with pH ranging from
6.2 to 7.1 are presented in Figures 5.5 – 5.8.
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Figure 5.5: Profile of cis-1,2-DCE biodegradation in microcosms @ pH=6.2
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Figure 5.6: Profile of cis-1,2-DCE biodegradation in microcosms @ pH=6.7
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Figure 5.7: Profile of cis-1,2-DCE biodegradation in microcosms @ pH=7.1
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Figure 5.8: Killed control treatment profile of cis-1,2-DCE biodegradation
In all active treatments, complete reductive dechlorination of cis-1,2-DCE to vinyl
chloride (VC), ethene, and ethane were observed. No daughter products were detected in
the killed control treatment which implies that dechlorination was most likely by
microbial degradation.
Table 5.4 summarizes the cis-1,2-DCE mass balance for the pH treatments in the
active microcosms. The percent recovery for the active treatments with pH=6.2, 6.7, and
7.1 were 80.5%, 77.7%, and 87.2% respectively; while the killed controlled registered a
93.6% recovery. The differences in mass balance could be due to sorption and analytical
errors arising from calibration requirements relating to quantification of daughter
products in the active treatments since the killed control microcosms had a slightly higher
percent recovery.
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Table 5.4: Summary of cis-1,2-DCE pH treatment mass balance
Treatment
pH
6.2
6.7
7.1

Initial conc.
(10-6 moles)
cis-1,2-DCE
3.84
3.28
4.06

cis-1,2-DCE
0
0
0

Final conc. (10-6 moles)
VC
Ethene Ethane
0
2.8
0.29
0
1.95
0.6
0
3.17
0.37

Total
3.09
2.55
3.54

5.4.5 cis-1,2-DCE biodegradation pathway
In all active treatments, cis-1,2-DCE was biodegraded to VC, ethene, and ethane.
Ethene was the dominant final product but some concentrations of ethane were also
observed. The concentration of ethane as a percentage of the final products in the pH=
6.2, 6.7, and 7.1 were 9.4%, 23.5%, and 10.5% respectively. This difference in ethane
production between pH=6.7 and the two other pH treatments is difficult to explain and
may be due to more ethene conversion to ethane, however, both gases are desirable end
products of chlorinated VOCs biodegradation since they are nontoxic and do not
adversely affect the environment. This dechlorination pathway is similar cis-1,2-DCE
dechlorination reported in by some researchers (Cupples et al., 2004; Hirschorn et al.,
2007; Mendoza-Sanchez and Cunningham, 2012).
5.4.6 Biodegradation kinetics of cis-1,2-DCE
The biodegradation kinetics including rate constants and half-life times of both cis1,2-DCE and VC (daughter product) in the microcosms are reported in Table 5.5. The
VC data was analyzed with the modified first order reaction described in Equation 5.3
using SigmaPlot (SSPS Inc., Chicago IL).
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Table 5.5: Rate constants of cis-1,2-DCE treatment in soil media with different pH
Treatment
pH
6.2
6.7
7.1

First order rate constant
(10-2d-1)
cis-1,2-DCE
VC
13 ± 1.5
14 ± 2.8
18 ± 3.3
20 ± 1.6
15 ± 2.1
19 ± 1.2

Half-life (d)
cis-1,2-DCE
VC
5.33
4.33
3.85
3.47
4.62
3.65

Time for 100% removal
cis-1,2-DCE
20
16
16

The dechlorination of cis-1,2-DCE and VC occurred simultaneously, with almost
no lag time, producing ethene and ethane as the final products. The pH=6.7 and 7.1
treatments took a shorter time (16 days) to completely dechlorinate both VOCs compared
to the pH=6.2 treatment (20 days). The degradation rates show a slightly better
performance in the pH=6.7 samples for both cis-1,2-DCE and VC degradation compared
to the other treatments while the pH=6.2 performed least (Table 5.5). However, a
statistical analysis of the biodegradation rate constants using ANOVA indicates that there
were no significant differences between the pH treatments (p > 0.05) for both cis-1,2DCE and VC dechlorination. A significant observation was the higher dechlorination rate
constants of VC compared to cis-1,2-DCE in all the treatments. This allows for the design
of a single treatment system that can remove both compounds from contaminated
groundwater.
5.4.7 Methane concentration in cis-1,2-DCE microcosms
Table 5.6 shows a summary of the methane concentrations and methane production
rates in the cis-1,2-DCE pH treatments. The results represent the mean of triplicate
microcosm samples.
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Table 5.6: Methane concentration in cis-1,2-DCE microcosms
pH
6.2
6.7
7.1

Methane Production rate (μM/day)
0.13 (R2 = 0.99)
0.13 (R2 = 0.99)
0.08 (R2 = 0.89)

Total Methane
Concentration (μM)
2.81 ± 0.57
2.32 ± 0.81
1.62 ± 0.23

Analysis of the methane concentrations show identical methane production rates
between the pH=6.2 and 6.7 treatments which were slightly higher than the pH=7.1
treatment. The total methane concentration at the end of the experiment was found to be
inversely proportional to the pH value.
A comparison of the methane concentrations and dechlorination rate constants did
not show a direct correlation. Although the pH=6.2 treatment had the highest observed
methane concentration, it took a longer time to completely dechlorinate cis-1,2-DCE and
VC compared to the pH=6.7 and 7.1 treatments. The dechlorination rate constants from
the pH=6.2 treatment were also found to be the least compared to the other treatments.
This suggests that methanogenesis may not be the dominant biodegradation process
driving the dechlorination of cis-1,2-DCE and VC in the microcosms.
5.4.8 Comparison of pH effect on cis-1,2-DCE and 1,1-DCA treatments
A comparative analysis of soil pH effect on the first-order biodegradation rate
constants of 1,1-DCA, cis-1,2-DCE and VC is illustrated Figure 5.9 below.
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Figure 5.9: Variation of cVOCs biodegradation rate constants with pH

Biodegradation of the chlorinated ethenes (cis-1,2-DCE and VC) proceeded at a
faster rate and at all pH values tested compared to 1,1-DCA. However, the range of soil
pH investigated in this study may be too narrow to conclude that pH adjustment does not
favor 1,1-DCA treatment in an EWS system treating both chlorinated ethenes and
ethanes.
Although the biodegradation rate constants of 1,1-DCA were observed to increase
linearly over the range of pH investigated, it suggests that at least a near neutral media
pH is more effective for its treatment in an EWS. The accumulation of CA reported in all
the treatments implies that the pH values tested did not differ in their ability to affect
microbial populations that may lead to its biodegradation.
110

The degradation rate constants of VC were higher than that of cis-1,2-DCE in all
pH treatments. However, a reduction in the rate constants were observed at the maximum
pH value for both cis-1,2-DCE and VC treatments. This trend was different compared to
the pH effect on 1,1-DCA treatment.
Statistical analysis showed that the biodegradation rate constants were not
significantly different for the pH values investigated in this study. Therefore, sizing of the
treatment bed would not be impacted by the small differences in dechlorination rate
constants. This has positive implications on the cost of maintaining an optimum pH for
dechlorination of chlorinated ethanes and ethenes by establishing a practical range of pH
values necessary for complete dechlorination rather than limiting the soil pH to a single
value.
5.4.9 Microbial Analysis
Results from the qPCR enumeration of Dehalococcoides (Dhc) sp and
Dehalobacter (Dhb) sp in the sample treatment at conducted at pH 6.2 for cis-1,2-DCE
and pH 6.1 for 1,1-DCA are reported below.
Table 5.7: Summary of qPCR microbial analysis of microcosms
Dechlorinating bacteria
Dehalobacter sp. (Dhb)
Dehalococcoides sp. (Dhc)
bvcA reductase
tceA reductase
vcrA reductase

cis-1,2-DCE
microcosm (cells/mL)
1.08 x 102
6.14 x 103
Dhc Functional genes
3.89 x 103
5.97 x 103
1.09 x 103
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1,1-DCA microcosm
(cells/mL)
6.62 x 104
5.43 x 102
N/A
N/A
N/A

Analysis of the microbial population in the microcosms shows the presence of
similar microorganisms responsible for reductive dechlorination of chlorinated ethenes
and ethanes. However, higher concentrations of Dhb and Dhc in the 1,1-DCA and cis1,2-DCE respectively, imply that the microorganisms can prefer certain substrates for
optimum growth. In the 1,1-DCA samples, elevated concentration of Dhb suggests that it
is the principal microorganism responsible for anaerobic biodegradation of 1,1-DCA to
chloroethane. This conclusion has been corroborated by studies from Grostern and
Edwards (2006), and Grostern et al. (2009). The elevated concentration of Dhc compared
to Dhb and identification of Dhc strains containing the functional genes vcrA and bvcA
reductase in the cis-1,2-DCE microcosms, provides strong evidence of the potential for
its complete anaerobic biodegradation to ethene (Sung et al., 2006; Duhamel and
Edwards, 2007, Scheultz et al., 2011, Chambon et al., 2012).
5.5 Conclusion and Recommendation
This study was conducted to evaluate the performance of EWS with pH values
from 6.1 to 7.2 for the treatment of chlorinated ethanes and ethenes, which will lead to a
full scale operation. The results of this study indicate that a pH range of 6.1 to 7.2 is
sufficient for the biodegradation of both cis-1,2-DCE and 1,1-DCA. In the case of 1,1DCA, the degradation rate constants were higher with increase in pH values. The rate
constants were 0.037 day-1, 0.043 day-1, and 0.053 day-1 at pH 6.1, 6.6, and 7.2
respectively. For cis-1,2-DCE and vinyl chloride, the optimum biodegradation rate
constants were observed at pH 6.7. The rate constants for cis-1,2-DCE were 0.13 day-1,
0.18 day-1, and 0.15 day-1 at pH 6.2, 6.7, and 7.1 respectively. Vinyl chloride had rate
constants 0.14 day-1, 0.2 day-1, and 0.19 day-1 at pH 6.2, 6.7, and 7.1 respectively.
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However, for each compound the different incubation pH values did not significantly
affect the biodegradation rate constants and pathways. Overall, the degradation kinetics
of cis-1,2-DCE within the pH range investigated were faster than those of 1,1-DCA. The
methane data from both cis-1,2-DCE and 1,1-DCA degradation did not indicate an
increased risk of significant higher concentrations due to the pH differences. The
presence of Dehalobacter sp. and Dehalococcoides sp. in the cis-1,2-DCE and 1,1-DCA
microcosms provided confirmation of microbial reductive dechlorination in the system.
The concentration of Dehalobacter sp. in the 1,1-DCA microcosms (6.62 x 104 cells/mL)
was higher than what was obtained in the cis-1,2-DCE (1.08 x 102 cells/mL) while the
concentration of Dehalococcoides sp. in the cis-1,2-DCE microcosms (6.14 x 103
cells/mL) was higher than in the 1,1-DCA microcosms (5.43 x 102 cells/mL). Further
studies involving a wider pH range would be useful in determining the least possible pH
required for efficient EWS performance. These findings have important implications
regarding pH enhancement and treatment optimization as well as cost implication in a
vertical flow EWS designed for the treatment of both chlorinated ethenes and ethanes.
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CHAPTER 6: EVALUATING cis-1,2-DICHLOROETHENE
DICHLOROETHANE CO-TREATMENT IN ENGINEERED
SYSTEMS

AND 1,1WETLAND

6.1 Introduction
Groundwater contamination by chlorinated ethenes and ethanes is both an
environmental and human health problem due to the potential toxicity of these
compounds (EPA, 1994; Amon et al., 2007; Moran et al., 2007; Chary and FernandezAlba, 2012). The accidental spills and improper disposal of these compounds at chemical
facilities can affect drinking water sources and demand special treatment processes
different from domestic water treatment systems which are generally focused on solids,
biological oxygen demand (BOD) and nutrients.
Remediation of these sites involves adopting techniques that target the physical and
chemical properties of the compounds of interest. This requirement lead to the
development of conventional treatment systems like pump and treat, air sparging, thermal
desorption and chemical oxidation. However, the need to reduce cost and promote
sustainable treatment techniques has made the adoption of natural treatment processes
involving bioremediation an attractive alternative. A recent advancement amongst
remediation practitioners is the development of engineered wetland systems (EWS) as a
low energy cost with minimum maintenance bioremediation technique based on
microbial mediated reductive dehalogenation (Kassenga et al., 2004; Imfeld et al., 2008;
Braeckevelt et al., 2011). An in-depth description of the operational principles of vertical
flow EWS has been given in preceding Chapters.
Contaminated sites often contain mixtures of chlorinated ethenes and ethanes,
which can increase the complexity of bioremediation efforts in EWS due to microbial
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inhibition that may result from competition for nutrients by the microorganisms
responsible for their degradation (Chan et al., 2011). These mixtures may result from a
parent compound and its dechlorination daughter product or due to an initial combination
of different compounds at a spill or waste disposal site. The extent and rate of
biodegradation of chlorinated ethenes and ethanes mixtures vary in treatment systems
(Mbuligwe, 2008).
In a co-treatability study by Mbuligwe (2008) involving 1,1,2,2-tetrachloroethane
(1,1,2,2-TeCA) and trichloroethene (TCE), slight inhibition of 1,1,2,2-TeCA was
observed due to the presence of TCE which was also formed from the degradation of
1,1,2,2-TeCA. Duhamel et al. (2002) observed inhibition of chlorinated ethene by 1,1,1trichloroethane (1,1,1-TCA) and chloroform in an anaerobic mixed microbial culture. Yu
et al. (2005) reported that tetrachloroethene (PCE) inhibited the reductive dechlorination
of TCE but not cis-1,2-DCE, while TCE strongly inhibited both cis-1,2-DCE and vinyl
chloride (VC). Chan et al. (2011) observed inhibition of chlorinated ethene reductive
dehalogenases by 1,1,1-TCA but not by 1,1-DCA. Similar observation on 1,1,1-TCA
inhibition was reported by Grostern et al. (2009). Most of the co-contaminant studies
involve mixtures of the more chlorinated solvents such as 1,1,2,2-TeCA, 1,1,1-TCA,
PCE, and TCE. Therefore, this project focuses on inhibition effect of the less chlorinated
ethene and ethane mixtures in a vertical flow EWS with emphasis on how it affects sizing
of the engineered wetland bed.
In this study, the co-contaminant effect of cis-1,2-dichloroethene (cis-1,2-DCE)
and 1,1-dichloroethane (1,1-DCA) in a vertical flow EWS was investigated using
laboratory scale microcosms. These compounds are currently two of the most important
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contaminants at a Superfund Site in Massachusetts, U.S.A targeted for treatment using a
vertical flow EWS. The results from this investigation will lead to the development of
column studies to model the biodegradation and transport processes responsible for the
treatment of cis-1,2-DCE and 1,1-DCA.
6.2 Materials and Methods
6.2.1 Chemicals
Neat cis-1,2-DCE and 1,1-DCA from Supelco (Bellefonte, PA) were used as the
test chemicals for this study. Analytical standards used for cVOCs calibration were
obtained as mixtures from Supelco as well. Reagent grade formaldehyde solution was
procured from Mallinckrodt chemicals (St. Louis, MO).
6.2.2 Microcosm setup
Anaerobic microcosms were prepared using 160 mL serum bottles in an oxygenfree glove box (Coy Laboratory Products, Grass Lake, MI). The bottles were filled with
50 g of soil obtained from a pilot-scale EWS treating chlorinated solvents comprising
60% peat and 40% sand mixture and 105 mL of deionized (DI) water which lead to a
total aqueous volume of 135 mL. The resulting headspace (25 mL) was filled with
nitrogen gas.
Four treatments prepared in triplicate and incubated at 25oC were set up as follows:
Treatment I: Media spiked with cis-1,2-DCE solution
Treatment II: Media spiked with 1,1-DCA solution
Treatment III: Media spiked with cis-1,2-DCE and 1,1-DCA solution
Treatment IV, spiked with cis-1,2-DCE and 1,1-DCA plus 4 mL formalin solution (killed
control).
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6.2.3 Analytical procedure
EPA method 8260B for the measurement of chlorinated volatile organic
compounds (cVOCs) was used to analyze aqueous phase samples during the study.
Samples were periodically withdrawn from the microcosm bottles using a micro-syringe
(Hamilton), diluted in 40 mL of DI water and analyzed using a gas
chromatograph/mass spectrometer (GC/MS) (Agilent Technologies 6890N Network GC
System equipped with DB-VRX 30 m x 0.25 mm x 1.4 μm column, and Agilent
Technologies 5973 Network Mass Selective Detector) coupled to an AquaTek 70
Autosampler® (Teledyne Tekmar) and Velocity XPT® purge and trap sample
concentrator (Teledyne Tekmar) to detect parent and daughter compounds using EPA
Method 8260B. The column was initially held at 40oC for 2 mins and then ramped at
13oC/min to 190oC. It was then held at 190oC for 3.46 mins. Prior to sample analysis,
five-point calibration curves were established to determine the relative response factors
for each individual compound. GC/MS tune, blanks and calibration checks were
performed periodically for quality control.
Methane, ethane and ethene gases were analyzed using a GC/FID. Headspace
samples (1 mL) were injected onto a gas chromatograph with flame ionization detector
(Agilent 6850) equipped with a 2 m HayesSep D packed column. The column was held at
80oC isothermally for 3.25 min. The carrier gas was ultra-high purity nitrogen at a flow
rate of 15 mL/min.
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6.3 Kinetic Data and Engineered Wetland System Performance Modeling
Biodegradation data from cis-1,2-DCE and 1,1-DCA microcosms were fit into the
first-order kinetic equation.
C  C 0 e  kt ……….………………….……………………………….….. (6.1)

where C is the concentration (mol/L) of the parent compound at a specified time t (day),
C0 is the initial concentration (mol/L) of the parent compound, and k is the first-order
biodegradation rate constant (day-1). The complete dechlorination of cis-1,2-DCE to
ethene and ethane produced vinyl chloride (VC) as an intermediate product, a potentially
more toxic compound than cis-1,2-DCE. Consequently, the biodegradation rate of VC
was also dependent on the reaction rate constant of cis-1,2-DCE as shown below:
d V 
 kC 0 e  kt  k vc V  ………………………………………………..........(6.2)
dt

[V] is the concentration of vinyl chloride (mol/L), k vc is the biodegradation rate constant
of vinyl chloride (day-1).

V  





kC0
e  kt  e kvct ……………………………………………….…… (6.3)
k vc  k

Equation 6.3 was solved by curve fitting and regression analysis to determine kvc using
SigmaPlot (SPSS Inc., Chicago, IL). Statistical analysis of the biodegradation data was
done using both analysis of variance (ANOVA) and t-test to determine if there were
significant differences between the treatments.
Sequential dechlorination kinetics in a EWS was modeled numerically using the
following 1-D approach. The wetland bed was divided into small cells (1 cm each in
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depth). For each cell, the following equations were utilized to describe the change in
concentration of parent and daughter cVOCs:
Parent compound (cis-1,2-DCE and 1,1-DCA):
C x  C 0 exp( kt x xR) ……………………………………………………. (6.4)
where Cx is the concentration of the parent compound in any vertical cell (mol/L), C0 is
the initial concentration applied to the top of the EWS bed (mol/L), k is the first-order
biodegradation rate constant (1/day), tx is the time taken to travel across 1 cell (porewater
velocity in cm/day * cell length in cm) in days, x is the number of cells above the cell of
interest x, and R is the retardation coefficient (unitless).
Daughter compound (vinyl chloride and chloroethane):
C x  M x   x 1  D   C  x 1 exp k1t x xR1  ………….....…………………. (6.5)

where Cx is the concentration of the daughter compound in any vertical cell (mol/L), M is
the mass degraded of the parent compound between the current cell and the cell
immediately above it (mg), D is the mass change between the parent and daughter
compound due to the loss of a chlorine atom (mg) (D = molecular weight of daughter
compound/molecular weight of parent compound), C(x-1) is the concentration of daughter
compound in the cell immediately above the current cell (mol/L), k1 is the first-order
biodegradation rate constant of the daughter product (1/day), and R1 is the retardation
coefficient of the daughter product. All other terms are as described in equation 6.4.
6.4 Results and Discussion
6.4.1 cis-1,2-DCE and 1,1-DCA dechlorination kinetics in separate microcosms
Results from single, independent treatments of cis-1,2-DCE and 1,1-DCA in
laboratory microcosms are shown in Figures 6.1 and 6.2.
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Figure 6.1: Dechlorination profile of cis-1,2-DCE in a single treatment microcosm
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Figure 6.2: Dechlorination profile of 1,1-DCA in a single treatment microcosm
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Dechlorination kinetics were determined for cis-1,2-DCE, vinyl chloride (daughter
product) and 1,1-DCA and presented in Table 6.1 below.
Table 6.1: Summary of biodegradation kinetics for treatment of cis-1,2-DCE and 1,1DCA in separate microcosms
Parameter
First order rate constant (10-2 d-1)
Half-life (d)
Percent recovery
Lag time period
Time for 100% removal (d)

cis-1,2-DCE
13.3 ± 1.5
5.3
80.5
2
20

VC
14 ± 2.8
4.3
N/A
N/A
18

1,1-DCA
3.7 ± 0.7
18.7
90
14
60

Figure 6.1 shows complete removal of cis-1,2-DCE and VC to non-toxic end
products (ethene and ethane) in the microcosm. Initial biodegradation involved cis-1,2DCE reduction to VC. The concentration of VC increased as cis-1,2-DCE reduced, and
peaked on the 9th day after setup. Subsequently, overall continuous reduction of VC along
with cis-1,2-DCE was observed until both compounds were completely transformed to
ethene and ethane. The reduction of ethene to ethane towards the end of the monitoring
period occurred simultaneously with the production of VC from cis-1,2-DCE. Mbuligwe
(2008) reported similar result regarding ethene reduction to ethane. Figure 6.2
summarizes the concentration profile of 1,1-DCA in the microcosm over time. The 1,1DCA dechlorination profile shows chloroethane (CA) as the only daughter product
observed. Chloroethane accumulation at the end of the study suggests that a different
microbial population is responsible for its biodegradation.
Table 6.1 shows the biodegradation kinetics of the chlorinated solvents. The firstorder dechlorination rate constant of 1,1-DCA (0.037 day-1) was lower than the
dechlorination rate constants of cis-1,2-DCE (0.133 day-1) and VC (0.14 day-1). The first121

order dechlorination rate constants for cis-1,2-DCE and VC confirms a minimum lag
time between the formation of VC and its reduction to the final gaseous products. The
time it took for complete 1,1-DCA biodegradation was considerably more than what was
required for a similar concentration of cis-1,2-DCE. A detailed discussion of the
dechlorination kinetics has been presented in Chapter 5.
6.4.2 Biodegradation profile of cis-1,2-DCE and 1,1-DCA mixture
Dechlorination profiles of the co-treatments of cis-1,2-DCE and 1,1-DCA are
shown in Figures 6.3 – 6.6. In the active control microcosm, cis-1,2-DCE was re-spiked
after complete removal and accumulation of both ethene and ethane gases. The percent
recovery of cis-1,2-DCE was 94.6% at the end of the initial treatment and 85.8%
recovery for the re-spiked concentration. The 1,1-DCA percent recovery in the
microcosm was 87.1%. In the killed control microcosm, the percent recovery rates were
91% and 93% for cis-1,2-DCE and 1,1-DCA respectively. The killed control did not
exhibit any detectable biodegradation activity since there were no daughter products
observed during the course of the study (Figure 6.6). This implies that biodegradation
was responsible for the transformation of the contaminants in all treatments. A possible
reason for the reduction in percent of parent compounds recovered could be due to
sorption within the soil particles. It is evident from Figure 6.3 that 1,1-DCA
biodegradation only commenced after complete degradation of both cis-1,2-DCE and
VC. Therefore, 1,1-DCA degradation was inhibited by the presence of cis-1,2-DCE and
VC. On the contrary, 1,1-DCA did not affect the biodegradation of the chlorinated
ethenes.
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Figure 6.3: Co-treatment biodegradation profile of cis-1,2-DCE and 1,1-DCA active
treatment.
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Figure 6.4: Aqueous phase concentration of ethane and ethane during the initial treatment
of cis-1,2-DCE in a mixture with 1,1-DCA.
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Figure 6.5: Aqueous phase concentration of ethane and ethane after re-spiking microcosm
with cis-1,2-DCE.
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Figure 6.6: Biodegradation profile of cis-1,2-DCE and 1,1-DCA killed control treatment
in the engineered wetland soil microcosm.
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Both cis-1,2-DCE and 1,1-DCA were completely biodegraded in the microcosm
and each compound exhibited identical dechlorination pathway as was reported in the
single treatment systems. A similar study by Kassenga (2003) on 1,2-DCA and cis-1,2DCE showed that 1,2-DCA biodegradation was inhibited by cis-1,2-DCE and VC.
6.4.3 cis-1,2-DCE and 1,1-DCA co-contaminant dechlorination kinetics
First-order biodegradation rate constants, half-life times and lag periods associated
with each compound are summarized in Table 6.2 below:
Table 6.2: Comparison of cis-1,2-DCE and 1,1-DCA dechlorination parameters in a cotreatment microcosm
Parameter

Cis-1,2-DCE
-2 -1

First-order rate constant (10 d )
Half-life (d)
Lag time period (d)
Time for 100% removal (d)
-2 -1

First-order rate constant (10 d )
Half-life (d)
Lag time period (d)
Time for 100% removal

VC

1,1-DCA

Phase 1 treatment
14.7 ± 1.9
4.7
6
16

15 ± 2.4
4.6
N/A
N/A

2.9 ± 0.4
24
19
62

Phase 2 treatment
25.2 ± 6
2.75
3
9

23.8 ± 4.5
2.91
N/A
N/A

N/A
N/A
N/A
N/A

The phase 1 co-treatment of cis-1,2-DCE and 1,1-DCA showed slight increase in
the dechlorination rate constants of both cis-1,2-DCE and VC compared to the values
obtained from the single compound analysis. The reported single compound data was for
one complete cycle of chlorinated ethenes dechlorination with rate constants of 0.13 day-1
and 0.14 day-1 for cis-1,2-DCE and VC respectively. In the co-treatment study, the rate
constants for cis-1,2-DCE and VC were 0.147 day-1 and 0.15 day-1 (Tables 6.1 and 6.2).
Given the closeness of these values, it is very likely that the presence of 1,1-DCA did not
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affect the dechlorination rate constants of either cis-1,2-DCE or VC. A similar
observation was reported by Kassenga (2003). The higher initial cis-1,2-DCE lag-time
period in the co-treatment study was more related to the time vinyl chloride was observed
during sampling and analysis than the actual onset of cis-1,2-DCE dechlorination.
cis-1,2-DCE was re-spiked into the microcosms after its initial concentration and
the concentration of VC daughter product were completely transformed to ethene and
ethane. This was performed to investigate the effect of re-introducing cis-1,2-DCE on the
ongoing biodegradation of 1,1-DCA. Figure 6.3 shows a right shift of the 1,1-DCA
concentration profile after cis-1,2-DCE was re-introduced into the system. However, this
did not lead to a suspension of 1,1-DCA biodegradation suggesting that the addition of
chlorinated ethene did not have a significant effect when 1,1-DCA biodegradation was
already well in progress. As was expected, the dechlorination rate constants of both cis1,2-DCE and VC increased after re-spiking (phase 2). Also, a reduced lag time period
was observed for cis-1,2-DCE degradation.
In the case of 1,1-DCA, the first-order rate constant was lower in the co-treatment
study (0.029 day-1) compared to the single compound treatment (0.037 day-1). This was
most likely due to the increased lag time period observed in the co-treatment study. The
lag time period in the single compound treatment was 14 days while the co-treatment had
19 days lag time period. A possible explanation to the observed lower first-order rate
constant in the co-treatment is the presence of cis-1,2-DCE and VC.
Statistical analysis of cis-1,2-DCE and VC biodegradation rate constants
determined in this study suggests that are no significant differences between the single
compound treatment and the co-treatment microcosms (t-test: p > 0.05). A similar
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statistical analysis of 1,1-DCA degradation rate constant showed no significant difference
between the single compound treatment and the co-treatment studies. This is rather
surprising given that there was a significant lag time in the co-treatment study which
affected the degradation constant. However, the time taken for complete 1,1-DCA
removal in the co-treatment samples was approximately equal to the time taken for
complete removal in the single compound treatment (Tables 6.1 and 6.2). Also, the low
concentration of the compounds in the system could have contributed to this observed
statistical analysis. Aulenta et al. (2005) observed a similar trend in the dechlorination
rate constants between single compound treatments and co-treatment of 1,1,2,2tetrachloroethane (TeCA) and perchloroethene (PCE) in soil-enrichment cultures.
6.4.4 Effect of cis-1,2-DCE and 1,1-DCA co-treatment on sizing EWS treatment bed
The effect of cis-1,2-DCE and 1,1-DCA co-treatment on a vertical flow EWS
design was assessed by using the 1-D numerical modeling approach (equation 6.4)
illustrated in Figures 6.7 and 6.8. The soil and flow parameters are listed in Table 6.3.
The retardation co-efficient presented in Chapter 3 of this dissertation was used in the
model design because the EWS media came from the same source. The first-order
biodegradation rate constants obtained from the microcosms were used in the simulation.
Table 6.3: Simulated vertical flow EW soil and flow parameters
Soil and Flow Parameters
Particle density (kg/m3)
Bulk density (kg/m3)
Porosity (%)
Total organic carbon (%)
Porewater velocity (cm/day)

Soil mixture
2.12 ± 0.08
1.25 ± 0.04
41
3.1 ± 0.12
36.75
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Figure 6.7 show the dechlorination profiles of cis-1,2-DCE and 1,1-DCA in single
compound vertical flow EWS. For the assumed treatment bed depth (2.5 m), both
compounds were not completely removed in the system since breakthrough was
observed. However, an accelerated breakthrough of 1,1-DCA was observed compared to
cis-1,2-DCE due to the lower biodegradation rate constant of 1,1-DCA.
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Figure 6.7: Simulated cis-1,2-DCE and 1,1-DCA dechlorination profiles in a single
compound EWS.
Figure 6.8 describes the biodegradation of cis-1,2-DCE and 1,1-DCA mixture in a
vertical flow EWS. From the microcosm study, it was observed that biodegradation of
1,1-DCA commenced after complete transformation of the cis-1,2-DCE. Consequently,
the model runs were performed by switching on the biodegradation rate constant at a
simulated depth where an infinitesimal concentration of cis-1,2-DCE was observed. This
depth occurred at about 500 cm from the surface. The results of the simulation confirms
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that a bigger EWS bed size or a series of EWS would be required for effective cotreatment of cis-1,2-DCE and 1,1-DCA compared to single compound treatments.
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Figure 6.8: Simulated cis-1,2-DCE and 1,1-DCA dechlorination profiles in EWS with cocontaminant effect.
6.4.5 Comparison of methane production rates in single compound and co-contaminant
microcosms
Table 6.4 summarizes the methane concentration in both the single compound treatment and
co-treatment of cis-1,2-DCE and 1,1-DCA within the time period taken to complete initial
dechlorination.

Table 6.4: Methane Production Rates and Accumulation
Treatment
cis-1,2-DCE
1,1-DCA
cis-1,2-DCE + 1,1-DCA

Methane production
rate (μM/day)
0.13 (R2 = 0.99)
0.13 (R2 = 0.99)
0.16 (R2 = 0.97)
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Total methane
concentration (μM)
2.8 ± 0.57
2.3 ± 0.81
3.6 ± 0.33

The results show evidence of methanogenic conditions in all the treatments
resulting from the anaerobic nature of the microcosms. However, the total methane
concentrations were too low to suggest that methanogenesis, rather than reductive
dechlorination, was the principal biodegradation process. The production and
accumulation of methane was found to be higher in the co-treatment microcosms
compared to the single compound treatments. This finding is in contrast to a study on cotreatment of 1,1,2,2-TeCA and TCE by Mbuligwe (2008) who observed a decrease in
methane concentration in the co-treatment samples compared to the single compound
treatments.
6.5 Conclusion
This study describes the inhibition effects of cis-1,2-DCE on 1,1-DCA reductive
dechlorination in engineered wetland soil laboratory microcosms. Both compounds were
completely transformed to their expected terminal daughter products at the end of the
study. In the co-treatment microcosms, 1,1-DCA dechlorination did not begin until cis1,2-DCE and vinyl chloride were completely biodegraded to ethene and ethane. The
presence of 1,1-DCA did not affect cis-1,2-DCE biodegradation. Re-spiking cis-1,2-DCE
into the system after complete transformation of cis-1,2-DCE and vinyl chloride did not
significantly inhibit the ongoing 1,1-DCA biodegradation. The first-order dechlorination
rate constants of cis-1,2-DCE, vinyl chloride, and 1,1-DCA in the single compound
treatments were 0.133 day-1 0.14 day-1, and 0.037 day-1 respectively. In co-contaminant
mixture, the biodegradation rate constants of cis-1,2-DCE, vinyl chloride, 1,1-DCA were
0.147 day-1, 0.15 day-1, and 0.029 day-1 respectively. A 1-D simulation model describing
the fate and transport of cis-1,2-DCE and 1,1-DCA in a vertical flow EWS shows that the
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biodegradation kinetics of 1,1-DCA in the contaminant mixture controls the sizing of
treatment bed resulting in the need for a larger EWS bed or a series of EWS beds
compared to single compound treatment systems.
Methane production rates and total methane production were similar in both 1,1DCA and cis-1,2-DCE single compound treatments. However, a higher methane
concentration was observed in the co-contaminant treatments. Accumulation of methane
also occurred in all treatments. These results highlight the potential challenges that may
arise when designing a mixture of chlorinated ethenes and ethanes treatment systems
based on data collected from single compound treatments.
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CHAPTER 7: QUANTIFICATION OF 1,1-DICHLOROETHANE UPTAKE BY
Scirpus americanus IN ENGINEERED WETLAND SYSTEMS
7.1 Introduction
Bioremediation of chlorinated solvents such as 1,1-dichloroethane (1,1-DCA) and
cis-1,2-dichloroethene (cis-1,2-DCE) using engineered wetland systems (EWS) involves
natural and biological processes that transform the organic contaminants to harmless end
products (Imfeld et al., 2009; Braeckevelt et al., 2011). Since these treatment systems are
usually anaerobic, reductive dechlorination has been identified as the most important
process (Kassenga and Pardue 2006; Imfeld et al., 2009). In some cases, however, the
contaminants may be recalcitrant to anaerobic reductive dechlorination or require a
combination of both oxidative and reductive degradation for complete dechlorination. An
example is 1,1-DCA, which has a reductive dechlorination pathway that terminates at
chloroethane rather than a more desirable end product, ethane (Grostern and Edwards,
2006; Lollar et al., 2010; Scheultz et al., 2011). In planted treatment wetlands, microbial
degradation in the rhizosphere, plant uptake and metabolism of contaminants provide
additional removal mechanisms collectively known as phytoremediation (Imfeld et al.,
2009; Weishaar et al., 2009).
Phytoremediation is the general term describing the various techniques through
which plants are used to treat contaminated soil and groundwater. It is a solar-powered
and environmentally friendly strategy for treating contaminated sites through destructive
processes such as phytodegradation and rhizodegradation, as well as non-destructive
processes that include phytovolatilization and phytoextraction (Imfeld et al., 2009, deBashan et al., 2012). These techniques are most effective if soil contamination is within
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three feet of the surface and groundwater is within 10 feet of the surface because of the
depth of the plant root zone (Ghosh and Singh, 2005).
Phytodegradation
Phytodegradation is the biotransformation of organic contaminants by plants with
the help of dehalogenase and oxygenase plant enzymes, and does not depend on
rhizospheric microorganisms (Vishnoi and Srivastava, 2008; Ali et al., 2013). Common
wetland plants like Phragmites australis, Phragmites communis, Scirpus americanus and
Typha latifolia have been reported to metabolically transform organic contaminants (Chu
et al., 2006; Mbuligwe, 2008). The ability of specific wetland plants to serve as a
phytodegradation agent depends on the contaminant. Chu et al. (2006) conducted studies
that showed Phragmites australis possessed enzymes that transformed polychlorinated
biphenyls (PCB) having up to three chlorine atoms, but not the higher chlorinated PCBs.
In addition to typical wetland plants, studies have shown the feasibility of using
genetically engineered plants to biodegrade chlorinated solvents (Mouhamad et al.,
2012).
Rhizodegradation
Rhizodegradation refers to the biodegradation of organic contaminants by
microorganisms in the rhizosphere. The rhizosphere represents an interface of soil-plantmicrobe-aqueous phase interactions that produce both spatial and temporal variations of
redox conditions within the root system (Imfeld et al., 2009). The rhizosphere extends
approximately 1 mm around the root and is under the influence of the plant (Pilon-Smits,
2005). Plants stimulate microbial activity relevant to bioremediation in the rhizosphere by
the secretion of exudates containing carbohydrates, amino acids and flavonoids (Rentz et
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al., 2005, Lee et al., 2008; Ali et al., 2013). The release of these exudates by plant roots
provides carbon and nitrogen sources to the soil microbes creating a nutrient-rich
environment in which microbial activity is enhanced when compared to the surrounding
soil (Ali et al., 2013).
Gaskin and Bentham (2010) reported significantly enhanced treatment of
petroleum-hydrocarbons contaminated soil in the rhizosphere of Cymbopogon ambiguus,
Brachiaria decumbens and Microlaena stipoides (Australian native grasses) compared to
unplanted treatment system. Several studies on rhizodegradation of petroleum
hydrocarbons have been reported in literature (Tang et al., 2010; Liu et al., 2010; Wang
et al., 2011; Zhong et al., 2012; Beazley et al., 2012).
Malandrino et al. (2011) conducted experiments that showed increased solubility
and bioavailability of heavy metals in the rhizosphere of both Lactuca sactiva and
Spinacia oleracea due to the interaction of root exudates and the surrounding
contaminated soil. However, heavy metals are conserved (Ali et al., 2013) and therefore,
do not undergo biotransformation in contaminated soil and groundwater.
Studies have shown effective treatment of chlorinated solvents in the rhizosphere.
Seeger et al. (2011) described a field-scale experimental work showing biodegradation of
methyl-tert-butyl-ether (MTBE) in the root zone of Phragmites australis in a constructed
wetland. However, there was no mention of the transformation product of MTBE in the
rhizosphere.

Mbuligwe

(2008)

observed

enhanced,

complete

biodegration

of

trichloroethene (TCE) to ethene and ethane in the root matter of several wetland plants.
The rhizodegradation of cis-1,2-DCE to carbon dioxide (CO2) was reported by Tawney et
al. (2008) in a treatment study involving the use of Phragmites australis. Xu et al. (2010)
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presented details on the removal of polychlorinated biphenyls (PCBs) from alfalfa
rhizosphere. The PCBs were observed to decrease by approximately 36% in the
rhizosphere compared to about 6% in an unplanted control treatment.
Phytovolatilization
This involves the uptake of contaminants by plants, transforming them to volatile
forms and subsequent release to the atmosphere. Phytovolatilization can be used for
organic compounds and heavy metals like mercury (Hg) and Selenium (Se). However,
the contaminants are not really transformed and can be deposited back to the ecosystem
by precipitation (Ali et al., 2013). Consequently, phytovolatilization is not a sustainable
treatment

technique

for

cVOCs

unless

atmospheric

dissociation

through

photodegradation is likely.
Phytoextraction
Phytoextraction can be described as the uptake of contaminants by plant roots and
their translocation and accumulation in above ground biomass (Ali et al., 2013). The
translocation of contaminants to above ground biomass occurs through the xylem (Jabeen
et al., 2009). It is a desirable biochemical process because the harvest of root biomass is
not generally practicable (Zacchini et al., 2009; Tangahu et al., 2011). The ability of
plant tissues to absorb organic compounds depends on the lipophilic nature of the
compound, characterized by the octanol-water partition coefficient (Kow) (Imfeld et al.,
2009). Hydrophobic organics with a log Kow > 4 generally do not undergo translocation
and accumulation because of significant retention within the root epidermis (Imfeld et al.,
2009). Phytoextraction has been reported as the best phytoremediation technique and the
most promising for commercial application (Sun et al., 2011). Termination of the
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with invasive species and colonization as well as evapotranspiration requirements
(Mitsch and Gosselink, 2007; Mbuligwe, 2008).
In this study, the application of Scirpus americanus to groundwater remediation of
1,1-DCA is investigated. Scirpus americanus was chosen because it is native to most of
the continental Unites States. It is a perennial grass, thrives in both fresh and brackish
marshes, and has a dense root structure (USDA-NRCS, 2011). The main objective of this
project was to quantify the potential plant uptake of 1,1-DCA from contaminated
groundwater. The result will be applied to a numerical modeling technique to evaluate the
effect in a vertical flow engineered wetland system treating chlorinated solvents.
7.2 Materials and Method
7.2.1 Treatment Description
Engineered wetland soil comprising approximately 60% peat and 40% sand by
volume was obtained from a pilot-scale study at the ReSolve Superfund Site in North
Dartmouth, MA. The experimental set up included both planted and unplanted treatment
systems prepared in replicates using 500 mL Erlenmeyer flasks. Synthetic groundwater
was prepared from neat 1,1-DCA purchased from Supelco (Bellefonte, CA). The flasks
were sealed with cotton wool and tape to minimize loss of aqueous solution due to
evaporation but to allow exchange of oxygen into the reactor. The experiment was
conducted under steady conditions in a greenhouse environment.
7.2.2 Plant Cultivation and Planted Treatment Setup
Scirpus americanus seedlings used in this study had been growing in large stands
in the greenhouse before being transplanted into the reactors. Each reactor contained 650
g of soil (wet weight). A single seedling (approximately 12 cm in height) was selected for
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each reactor, and was initially fed with fresh water for a period of 4 weeks after
transplanting. After feeding the reactors with fresh water, equal volumes of 1,1-DCA
solution was added to each reactor. The reactors were inoculated with 10 mL of 1,1-DCA
dechlorinating bacteria obtained from previous studies described in this dissertation. The
reactors were then sealed with cotton wool and tape to minimize loss of aqueous solution
through evaporation.
7.2.3 Unplanted treatment (control)
The unplanted reactors used as experimental control, contained 650 g of soil (wet
weight) and were set up together with the planted systems. The addition of 1,1-DCA
solution and inoculation with 10 mL 1,1-DCA dechlorinating bacteria were performed at
the same time as the planted systems.
7.2.4 Sampling of 1,1-DCA in the porewater and aerenchyma
Porewater samples were collected for measurement of spatial variability from the
water surface, at the soil surface, and in the plant root zone. In the unplanted treatment
systems, the 3rd sample locations were at the bottom of the reactors. The water level and
weight of the reactors were monitored to determine water loss. The samples were
analyzed using a gas chromatograph/mass spectrometer (GC/MS) (Agilent Technologies
6890N Network GC System equipped with DB-VRX 30 m x 0.25 mm x 1.4 μm column,
and Agilent Technologies 5973 Network Mass Selective Detector) coupled to an
AquaTek 70 Autosampler® (Teledyne Tekmar) and Velocity XPT® purge and trap
sample concentrator (Teledyne Tekmar) to detect parent and daughter compounds using
EPA Method 8260B. The column was initially held at 40oC for 2 mins and then ramped
at 13oC/min to 190oC. It was then held at 190oC for 3.46 mins.
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At the end of the experiment, the interior of plants were sampled for 1,1-DCA
uptake and accumulation using a 1 mL gastight syringe (VICI precision sampling, Baton
Rouge). The syringe was inserted into the aerenchyma pore space through the plant stem.
The point of contact between the needle and the plant was then immediately sealed with
vacuum grease to prevent the surrounding air from being sampled. 500 μL of sample was
then slowly drawn from the plant. After sample collection, immediate analysis was
conducted using a gas chromatograph with flame ionization detector GC/FID (Agilent
6850 equipped with a 6ft long x 0.1 in ID column packed with 1% SP-1000 on carbopack
B (60/80 mesh)). The column was initially held at 60oC for 1 min and then ramped at
10oC/ min for 8 mins. The carrier gas was ultra-high purity helium at a flow rate of 15
mL/min.
7.2.5 Transpiration stream concentration factor and data modeling
The transpiration stream concentration factor (TSCF) of a compound signifies
how easily it is taken up and translocated by plant species (Burken and Schnoor, 1998).
TSCF is the ratio of the concentration in the xylem sap and in the external solution, and it
is dependent on the lipophilicity of the chemical which is defined in terms of octanolwater coefficient (San Miguel et al., 2013). TSCF of 1,1-DCA was determined using the
equation proposed by Burken and Schnoor (1998):
 log K ow  2.52

TSCF  0.756 exp 
 …………………..……………… (7.1)
2
.
58


where Kow is the octanol-water partition coefficient
The potential uptake of 1,1-DCA by Scirpus americanus in the reactors was
estimated using the relationship below (Burken and Schnoor, 1998).
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uptake  TSCF   Trans   C  …………………..…………………………….. (7.2)
where Trans is the volumetric water transpiration, mL/d; and C is the concentration of
1,1-DCA in the porewater, mg/L.
Sequential dechlorination kinetics was modeled numerically using the following 1D approach. The wetland bed was divided into small cells (1 cm each in depth). For each
cell, the following equations were utilized to describe the change in concentration of 1,1DCA as it travels through the bed.
C x  C 0 exp( kt x xR)  uptake ……………….……………………………. (7.3)
where Cx is the concentration of 1,1-DCA in any vertical cell (mol/L), C0 is the initial
concentration applied to the top of the EWS bed (mol/L), k is the first-order
biodegradation rate constant (1/day), tx is the time taken to travel across 1 cell (porewater
velocity in cm/day * cell length in cm) in days, x is the number of cells above the cell of
interest x, and R is the retardation coefficient (unitless). The model simulation was
performed with the assumption that the root depth of Scirpus americanus did not exceed
80 cm below the surface of the EWS.
7.3 Results and Discussion
7.3.1 Plant growth and development
The growth and development of Scirpus americanus were not adversely affected
by the presence of 1,1-DCA in the system and no phytotoxicity symptoms were observed.
At the start of the project, only one developed seedling was introduced into each reactor,
although the seedlings had fairly dense root system due to the nature of the plant. The
1,1-DCA introduction occurred when the reactors had an average of six developed
Scirpus americanus plants. Significant development of a dense root system in each
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reactor was observed throughout the duration of the study. Consequently, the number of
new stems produced from the roots tripled during the study. Conversely, the overall plant
(stem) height increased only slightly by the time the study was terminated compared to
when 1,1-DCA was introduced.
7.3.2 Porewater concentration profiles of 1,1-DCA in treatment reactors
A summary of the porewater concentration during the treatment monitoring period
is presented in Figures 7.2 and 7.3. Each data point represents the mean of the results
obtained from sampling the porewater from the top, middle, and bottom of the reactors.
The results were corrected for evapotranspiration observed during the study.
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Figure 7.2: Concentration profile of 1,1-DCA in treatment reactors planted with Scirpus
americanus.
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Figure 7.3: Concentration profile of 1,1-DCA in unplanted reactors.

Analysis of the porewater did not show sequential dechlorination of 1,1-DCA in
both the planted and unplanted systems, although the concentration decreased after each
sampling event in both treatments. This was surprising because the treatments were
enhanced by inoculating with 1,1-DCA dechlorinating culture. Possible explanations for
this observation could be that the bacteria responsible for 1,1-DCA degradation did not
acclimate in the treatments or the microbial population was too low to support
biodegradation within the time frame of the experimental study.
Figure 7.2 shows an initial sharp reduction in the concentration of 1,1-DCA in the
planted reactor after 2 weeks of system monitoring. This trend was observed in the 2
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weeks after that leading to the termination of the study, although the decrease was less
pronounced.
In the unplanted systems, a similar sharp reduction was observed after 2 weeks of
commencing treatment as was noticed in the planted systems. However, a more stable
concentration of 1,1-DCA was observed subsequently after that (Figure 7.3). The initial,
relatively rapid decrease in 1,1-DCA porewater concentration observed in both
treatments seems to be largely driven by sorption in the soil media, but additional plant
uptake could be responsible in the case of the planted treatment. An important point to
highlight is the additional dosing of 1,1-DCA feedwater in the planted treatments on days
15 and 25 because of noticeable evapotranspiration.
7.3.3 Potential 1,1-DCA uptake by Scirpus americanus
The potential 1,1-DCA uptake rate was estimated after taking into consideration
the fact that in the unplanted treatments, 1,1-DCA removal was observed. Figure 7.4
summarizes the potential plant uptake of 1,1-DCA in the treatment systems.
The results presented in Figure 7.4 shows that the amount of 1,1-DCA removed by
the Scirpus americanus plants after 15 days of exposure appear to be affected by the
strong possibility of sorption in the soil media. In computing the potential 1,1-DCA
uptake, the effect of sorption was assumed to be less significant after the sharp drop in
concentration observed in Figures 7.2 and 7.3.
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Figure 7.4: Potential 1,1-DCA uptake by Scirpus americanus after 31 days of treatment
monitoring. Estimates were based on the model proposed by Burken and Schnoor (1998).
The potential uptake rate values generally increased with exposure time except for
the values at 31 days. This decrease could be due to unexpected 1,1-DCA dilution
resulting from additional feedwater dosage that was done on the 25th day. These findings
are largely in agreement with modeling studies conducted by San Miguel et al. (2013) on
the uptake of 1,4-dichlorobenzene (DCB), 1,2,4-trichlorobenzene (TCB) and γhexachlorocyclohexane (γHCH) by Phragmites australis. Burken and Schnoor (1998)
conducted experiments that showed translocation of volatile, semi-volatile, and nonvolatile chlorinated solvents by hybrid poplar trees as the major contaminants removal
pathway in a short-term treatment study. The mean potential 1,1-DCA uptake based on
the feedwater transpiration and porewater concentration was 0.013 + 0.002 mg/day as
shown in Table 7.1 below.
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7.3.4 Translocation of 1,1-DCA in Scirpus americanus
In situ sampling of 1,1-DCA in the plants was conducted as soon as the study was
terminated to measure its concentration in the plant tissues. The results obtained show
some translocation of 1,1-DCA from the roots to the shoots (Table 7.1). However, these
values cannot be confirmed with a high degree of certainty because they fall within the
instrument’s error. The low concentrations observed can be attributed to the rather small
sampling volume obtained from the plants due to their sizes.
Table 7.1: Summary of uptake and translocation of 1,1-DCA in Scirpus americanus.
1,1-DCA Parameter
Plant uptake (mg/day)
Concentration in aerenchyma air space (μg/L)
Initial concentration in solution (mg/L)

Mean value and standard deviation
0.013 + 0.002
0.3 + 0.07
5.23 + 0.49

In terms of the initial 1,1-DCA concentration in bulk solution, only a small fraction
was found in the plant tissue. This is not surprising given the fact translocation occurs
from the roots to the shoots and eventually to the leaves where some would be lost to the
surroundings by transpiration (San Miguel et al., 2013). Also, the possibility of 1,1-DCA
being accumulated in the roots (below ground biomass) and not readily moving upwards
might account for the low concentration in the air space inside the plant. (San Miguel et
al., 2013).
7.3.5 Simulated effect of plant uptake on overall 1,1-DCA removal in EWS
The potential plant uptake of 1,1-DCA in a vegetated engineered wetland system
(EWS) was applied to the numerical model presented in Chapter 6 as an additional loss
term to predict its effect on the treatment of 1,1-DCA contaminated groundwater. The
soil media used in this study and in Chapter 6 were from the same pilot-scale study
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described in the methodology section. Figure 7.4 describes the removal of 1,1-DCA in
both unplanted and planted treatment wetland beds.
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Figure 7.4: Simulated 1,1-DCA concentration profiles in unplanted EWS and Scirpus
americanus vegetated EWS.
The simulated dechlorination profiles illustrated in Figure 7.4 suggest that the
planted EWS can slightly improve the performance of the 1,1-DCA removal process.
Although the impact of the potential uptake and translocation of 1,1-DCA by Scirpus
americanus did not seem to be substantial, the additional removal process can make a
difference in cases where unplanted treatment results are close to required cleanup goals.
Also, the presence of plants in a vertical flow EWS can enrich the soil by increasing the
organic matter content when the plant leaves and roots die out and decompose. This
increased organic matter content is beneficial to existing dechlorinating microorganisms
and improves the sorption capacity of the treatment bed.
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7.4 Conclusion
This study describes plant-based remediation or phytoremediation of contaminated
soil and groundwater in engineered wetland system. Experiments were conducted to
investigate the potential uptake and translocation of 1,1-DCA by Scirpus americanus, a
common wetland plant in the United States. The results show a reduction in 1,1-DCA
porewater concentration as a result of sorption, plant uptake and volatilization. The
computed mean potential plant uptake of 1,1-DCA was 0.013 mg/day and the measured
concentration in the plant tissue was 0.3 μg/L. Scirpus americanus was found to be 1,1DCA tolerant within the concentration range considered. Significant growth and
development of the plant during the study was observed in all replicate samples. A
treatment model simulation involving 1,1-DCA reductive dechlorination and plant uptake
in an engineered wetland bed showed limited treatment enhancement compared to an
unplanted system. However, this study is important because 1,1-DCA has not been
reported to undergo complete reductive dechlorination to either ethene or ethane but
rather produces chloroethane as the terminal daughter product. Therefore, a process such
as plant uptake and translocation can be useful in reducing the concentration of
chloroethane in the effluent of a treatment wetland system by reducing the amount 1,1DCA available for reductive dechlorination.
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CHAPTER 8: CONCLUSIONS AND RECOMMENDATION
Bioremediation experiments were performed to evaluate important environmental
factors affecting the anaerobic biodegradation and removal of chlorinated ethanes and
ethenes in engineered wetland systems (EWS). Complete biodegradation of cis-1,2-DCE
to nontoxic end-products (ethene and ethane) was observed in laboratory scale
experiments. 1,1-DCA was completely transformed to chloroethane which accumulated
in the treatment systems. The biodegradation of cis-1,2-DCE was observed to be more
rapid than the biodegradation of 1,1-DCA. Simulation models were developed which will
allow the sizing of a vertical flow EWS under a variety of contaminant scenarios.
Methane production rates and total methane concentration during reductive
dechlorination of the chlorinated solvents were evaluated to assess some of the
hydrodynamic challenges that may arise during treatment.
The biodegradation of 1,1-DCA was only possible in wetland beds with some
organic matter content available in peat material. Initial biodegradation rate constants
were not significantly affected by the amount of organic matter in the bed. However, the
soil organic matter content had some impact on the depth of the treatment bed needed for
complete 1,1-DCA removal in a vertical flow engineered wetland system. This effect was
as a result of the sorption capacity of soil organic matter leading to increased residence
time for microbial degradation. Chloroethane was observed as the terminal daughter
product regardless of the organic matter content. Overall methane production rate was
dependent on soil organic matter content and was significantly higher in the all-peat
treatment media compared to the other bed materials involving peat and sand mixtures.
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Treatment enhancement of cis-1,2-DCE and 1,1-DCA was achieved using
wetland bed material from a pilot-scale study known to biodegrade cis-1,2-DCE as well
acetate and additional 1,1-DCA inocula. Results show that the addition of acetate as an
external carbon source had a more positive effect on dechlorination compared to
inoculation with biodegrading bacteria. Characterization of the microbial population
using quantitative polymerase chain reaction (qPCR) technique showed the presence of
Dehalococcoides sp. and Dehalobacter sp. in both the cis-1,2-DCE and 1,1-DCA
biodegrading cultures. Further analysis of Dehalococcoides sp. confirmed the presence of
the functional genes bvcA and tcrA reductase, known to be responsible for vinyl chloride
dechlorination.
Complete biodegradation of cis-1,2-DCE and 1,1-DCA was observed in
temperatures typical of groundwater (10oC–25oC). However, the biodegradation kinetics
of the chlorinated solvents was negatively affected by a reduced system temperature. The
first-order dechlorination rate constants of cis-1,2-DCE and its daughter product, vinyl
chloride, were found to be more sensitive to low temperatures than 1,1-DCA.
Previous studies conducted on pH requirements for both cis-1,2-DCE and 1,1-DCA
indicated that acidic systems resulting from low pH values were inhibitory to
biodegradation. Increasing the pH to near neutral (pH 6 to pH 7) was found to be
appropriate for the microbial population to transform both cis-1,2-DCE and 1,1-DCA.
Microbial analysis showed sufficient concentrations of Dehalococcoides sp. and
Dehalobacter sp. in the treatment systems at near neutral pH.
Co-treatment of cis-1,2-DCE and 1,1-DCA in engineered wetland systems showed
inhibition of 1,1-DCA biodegradation by cis-1,2-DCE. It was observed that as long as the
149

cis-1,2-DCE had not been completely removed from the system, 1,1-DCA biodegradation
could not commence. However, re-introduction of cis-1,2-DCE into the treatment system
did not substantially impede the ongoing biodegradation of 1,1-DCA.
Feasibility studies on the removal of 1,1-DCA from contaminated soil and
groundwater in engineered wetland media planted with Scirpus americanus showed
enhanced performance of the treatment system. Although, biodegradation was not
observed in the porewater analysis, the potential for plant uptake and translocation of 1,1DCA was demonstrated in short term experiments. Further studies on plant uptake and
translocation involving chlorinated solvent mixtures, different wetland plants, and
conducted under field conditions for an extended period of time are recommended to
better understand the processes involved in phytoremediation of these compounds.
The biodegradation of 1,1-DCA under anaerobic conditions produces chloroethane
which is recalcitrant and accumulates over time. Dehalobacter sp. and Dehalococcoides
sp. were identified in the microbial community as being involved in the dechlorination
process. Additional microbial studies should be conducted to identify bacteria that can
anaerobically biodegrade chloroethane either by direct substrate utilization or through
fortuitous cometabolism.
Additional temperature and pH studies involving a wider range of values should be
conducted using vertical flow column studies to gain more understanding of the impact of
these factors on bioremediation of chlorinated ethenes and ethanes using engineered
wetlands. This will ultimately lead to better optimization of the treatment system.
The data presented in this report are based on laboratory studies designed to
understand biogeochemical factors that enhance performance of a vertical flow
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engineered wetland system as a sustainable treatment system for chlorinated VOCs. The
studies focused on the chemical constituents at a Superfund Site in Massachusetts as a
case study. Engineered wetland systems have been proposed for treating low
concentration of chlorinated ethenes and ethanes present in the groundwater. The results
obtained from the various studies will help to better understand the basic biodegradation
processes and system optimization challenges involved in a full scale operation of the
vertical flow treatment wetland.
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